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Highlights 
 Sea level rise, can initiate long-lasting metal(loid) mobilization from a mining-impacted

estuary

 Sea level rise increases cation mobilization in sediments by competitive desorption

 Mobilization during short-term seawater flooding is mainly pH-dependent

 Long-term seawater flooding will increase former acidic sediment pH to neutral pH

 Mobilization during long-term seawater flooding is salinity-dependent

Abstract 
Ría of Huelva, located in southwestern Spain, is a highly metal(loid)-contaminated estuary system 

where sediments are exceeding action limits in an increasing order for Cd, Zn, Pb, Cu, and As. With a 

predicted sea level rise over the next 50 years, the estuary will be subject to flooding with brackish 

water or seawater. To evaluate the risk of metal(loid) mobilization under future climate scenarios, 

different locations along the estuary were sampled at different depths. Samples were flooded with 

river water, brackish water, and seawater under different short- and long-term laboratory setups. 

Potential metal(loid) mobilization showed that water quality standards for As, Pb, Zn, Ni, Cu, and Cd 

could be exceeded upon seawater flooding. However, metal(loid) mobilization was not predictable 

solely based on sediment loads. The driving factors for cation and anion mobility were identified to be 

mainly pH under low salinity and competitive desorption under high salinity conditions. Further drivers 

such as wave movement or labile C input in C-limited systems were found to enhance metal(loid) 

mobilization. Long-term flooding of intact sediment cores revealed that sea level rise will have 

different effects on the estuary system depending on duration of flooding. Short-term flooding in the 
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near future will first affect alkaline sediments and enhance currently low cation mobilization, while 

anion mobilization due to reductive Fe dissolution will remain high. Once acidic sediments further 

inland are flooded with seawater, highest contaminant mobilization can be expected as high salinity 

will further enhance already high cation mobilization under acidic pH. Long-term flooding with 

seawater will neutralize the sediment pH and limit cation mobilization compared to acidic pH. 

However, the contaminant load stored in the estuary is so high that, extrapolating data obtained, 

mobilization could last for more than 1000 years, e.g. for As, Pb, and Al.  
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1 Introduction 
Ría of Huelva estuary, located in southwestern Spain, is formed by the rivers Río Tinto and Río Odiel 

which discharge into the Atlantic Ocean near the City of Huelva. It is considered one of the most 

metal(loid)-polluted fluvial-estuarine systems in the World, resulting from extensive mining of massive 

sulfide deposits in the nearby Iberian Pyrite Belt since pre-Roman times (Davis Jr et al., 2000). Oxidation 

of sulfides causes formation of acid mine drainage (AMD) with release of a variety of metal(loid)s (e.g. 

Fe, As, Pb, Cu, Zn, Ni, Cd, Cr) (Nieto et al., 2007; Olías and Nieto, 2015). Río Tinto and Río Odiel, which 

drain the mining areas, are extreme AMD environments, constantly transporting metal(loid) loads of 

several tons per year, e.g. Río Tinto Fe 5075 t/a, As 12 t/a, Pb 15 t/a, Cu 469 t/a, and Zn 863 t/a or Río 

Odiel Fe 2847 t/a, As 23 t/a, Pb 12 t/a, Cu 1252 t/a, and Zn 2612 t/a. These values represent an 

important fraction of the global gross flux of dissolved metals (mainly Zn and Cd) transported by rivers 

into the ocean (Olías et al., 2006). Near the City of Huelva, discharges from industries (e.g. copper 

smelting, fertilizer production, or oil and gas refinery) as well as leaching from a phosphogypsum stack 

from a phosphate fertilizer industry further contribute to the metal(loid) load in the estuary (Pérez-

López et al., 2011). Sediments of the estuary partly sequester incoming metal(loid)s, leading to 

excessively high sediment contents up to the g/kg range e.g. for As, Pb, Cu, Zn, but also to a very 

heterogeneous distribution of sediment contents (Borrego et al., 2002; Elbaz-Poulichet et al., 2001; 

Morillo et al., 2008). Sequestration of contaminants to the sediment is especially enhanced in the 

upper part of the estuary where Río Tinto and Río Odiel reach the tidal zone and the AMD mixes with 

alkaline sea water (SW), producing a sharp pH gradient from pH 3 to 8 within 20 to 30 km (Achterberg 

et al., 2003; Basallote et al., 2019; Canovas et al., 2020). 

High metal(loid) concentrations impact freshwater quality, marine life and potentially human health 

(e.g. via contaminated seafood and freshwater fish or groundwater contamination). More and more 

concerns about potential adverse health effects of metal(loid) pollution are arising in recent years 

(Rosado et al., 2016), with Huelva province being among the areas with the highest mortality risk in 

Spain (Benach et al., 2004). The current situation already poses risks for humans and ecosystems, 

however, climate change within this century might add further risks to the estuary system, e.g. sea 

level rise or an increase in frequency and intensity of precipitation events leading to floods (IPCC, 

2021). Despite comprehensive research about the metal(loid) pollution in the estuarine sediments, 

studies about possible metal(loid) mobilization by expected flooding through sea level rise are still 

scarce.  

Climate change is predicted to increase sea levels by 16 to 61 cm (5-95% percentile) until the year 2050 

compared to 2000, inundating low elevation estuaries with SW including the Ría of Huelva (Bamber et 

al., 2019; IPCC, 2021; Kulp and Strauss, 2019). Upon inundation by SW, sequestered metal(loid)s can 

be remobilized (Hutchings et al., 2019; Wong et al., 2015). Given a suitable carbon source, bacterial 
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dissimilatory reductive dissolution of Fe and Mn (hydr)oxides takes place releasing reduced Fe and Mn 

and previously bound metal(loid)s. Reductive dissolution was determined especially relevant for As 

mobilization (LeMonte et al., 2017), however, cationic metals (e.g. Zn, Cu, Ni) can also be mobilized by 

reductive dissolution of Fe and Mn (hydr)oxides (Wong et al., 2015). Additionally, competitive ion 

exchange increases with SW inundation compared to fresh water because higher ionic strength 

enhances metal(loid) desorption from sediments (Wong et al., 2015). Cations are particularly 

exchanged, but anionic metal(loid)s (e.g. As) may be affected, too (Johnston et al., 2010). Moreover, 

acidic pH increases exchange of cations by competition with protons for negatively charged sorption 

sites, leading to further acidification (Wong et al., 2010; Wright et al., 1988). So far, the influence of 

sea level rise has not been assessed in a multi-contaminated site like the Ría of Huelva estuary.  

Further, the influence of tidal inundation on metal(loid) mobilization from sediments is still poorly 

understood. First results suggest that metal(loid) mobilization may be enhanced by tidal inundation 

compared to stagnant flooding since alternating redox conditions during tidal inundation enhance 

formation of soluble metal(loid) phases and migration of metal(loid)s towards particle surfaces. 

Through repeated dissolution/precipitation of minerals, the bio-accessibility of metal(loid)s bound to 

surfaces increases (Han et al., 2019; O'Connor et al., 2021). Although the Ría of Huelva estuary is one 

of the most metal(loid) polluted estuaries worldwide, there are also many other estuaries affected by 

AMD, like the Zuari estuary in India (Gaonkar and Matta, 2019), the Bahia de Ite in Peru (Dold et al., 

2011), the King River in Australia (Koehnken, 1996) or the Fal Estuary in the UK (Pirrie et al., 2003). 

Insights gained at the Ría of Huelva estuary will therefore also have implications for similar sites 

worldwide. 

To address the knowledge gaps of both effects of sea level rise in general and tidal inundation 

specifically, sediment cores were collected from seven sites within the Ría of Huelva estuary, predicted 

to be inundated in 2050. After general characterization, potential metal(loid) mobilization by sea water 

and brackish water was determined for the different layers of each core. Further, short-term 

metal(loid) mobilization was determined at one site with a low sediment pH and low C content and at 

another site with a high sediment pH and high C content. For both sites, mobilization was determined 

for a salinity gradient from river to sea water and under the influence of physical disturbance, 

mimicking wave movement. For the low C-site, mobilization was also determined under enhanced C-

availability. Long-term flooding (1 year) under stagnant and tidal conditions was also conducted for 

cores from both sites to monitor metal(loid) leaching and sediment characteristics over time.  
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2 Material & Methods 

2.1 Study area description 

Sediment samples were taken from the salt marshes of the Río Tinto and Río Odiel located in the 

province of Huelva (SW, Spain) along the Atlantic coast of the Gulf of Cadiz. Seven locations were 

chosen, five for the Río Tinto (0, A1, A2, B, and C) and two for the Río Odiel (A and B, Figure 1, Table 

Appendix 1). 

Figure 1: Map of the Ría of Huelva estuary with the location of sampling points; in red the area 

predicted to be inundated with sea level rise by 2050 (Kulp and Strauss, 2019); PG: location of the 

phosphogpysum (PG) stack near Huelva. Map downloaded from Climatecentral.org (2021) using the 

following keywords for the Simulation: Projection Type(sea level rise + annual flood); Sea Level 

Scenario (current trajectory); Luck (bad); Areas to show as threatened (exclude areas isolated by higher 

land); Sea-level-projection source: Leading Consensus (IPCC 2021) 

https://coastal.climatecentral.org/map/12/-

6.8843/37.2712/?theme=sea_level_rise&map_type=year&basemap=simple&contiguous=true&elevation_model=

https://coastal.climatecentral.org/map/12/-6.8843/37.2712/?theme=sea_level_rise&map_type=year&basemap=simple&contiguous=true&elevation_model=best_available&forecast_year=2050&pathway=ssp3rcp70&percentile=p95&refresh=true&return_level=return_level_1&rl_model=gtsr&slr_model=ipcc_2021_med
https://coastal.climatecentral.org/map/12/-6.8843/37.2712/?theme=sea_level_rise&map_type=year&basemap=simple&contiguous=true&elevation_model=best_available&forecast_year=2050&pathway=ssp3rcp70&percentile=p95&refresh=true&return_level=return_level_1&rl_model=gtsr&slr_model=ipcc_2021_med
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best_available&forecast_year=2050&pathway=ssp3rcp70&percentile=p95&refresh=true&return_level=return_lev

el_1&rl_model=gtsr&slr_model=ipcc_2021_med . 

Sampling sites were selected to compare AMD-affected sediments from both estuaries, taking high 

spatial heterogeneity into account and excluding input of diffuse anthropogenic pollution present in 

the lower estuary area. Sampling locations were downstream of San Juan del Puerto, which marks the 

approximate upper limit of tidal influence. The sampling sites are located 65 to 75 km and 50 km 

downstream of the Río Tinto and the Tharsis mining districts, respectively, and approximately 20 to 30 

km upstream from the ocean.  

Five locations were selected in the Río Tinto estuary zone, going north to south along its eastern 

channel:  

 Site Tinto 0 (T0): around 40 m from the river and dominated by Río Tinto freshwater

 Sites Tinto A1 & A2 (TA1 & TA2): around 215 m and 50 m from the river, respectively, to

compare non-flooded and periodically flooded areas. Thus, the sediment is mostly under river

water influence, experiences tidal SW influence only when extreme flooding events occur, and

dries up frequently.

 Site Tinto B (TB): around 30 m from the river, periodically inundated by Río Tinto and exposed

to a stronger tidal seawater influence.

 Site  Tinto C (TC): around 300 m from the river with the strongest tidal influence. This point is

the closest to the phosphogypsum stacks adjacent to the western border of the Río Tinto.

Río Odiel salt marshes are located approximately 3.5 km west of the Río Tinto marshes. In this area, 

two sampling sites were selected along the western river channel, where recent mining influence is 

more prominent. 

 Site Odiel A (OA): around 20 m from the river and at comparable distance from the ocean like

TA1 and TA2.

 Site Odiel B (OB): around 130 m from the river; at this site, pyrite ashes were dumped in the

past due to mineral processing operations.

In general, the whole estuary area is characterized by high spatial-temporal heterogeneity, with small 

scale variations in sediment color along the sediments profiles and the redox interfaces at varying 

depths. 

2.2 Field sampling 

The first sampling took place in February 2020. Cores (30 ± 5 cm depth) were obtained by manually 

pushing polyvinyl chloride (PVC) tubes (60 cm in height, 5.7 cm in diameter) into the marsh ground. At 

https://coastal.climatecentral.org/map/12/-6.8843/37.2712/?theme=sea_level_rise&map_type=year&basemap=simple&contiguous=true&elevation_model=best_available&forecast_year=2050&pathway=ssp3rcp70&percentile=p95&refresh=true&return_level=return_level_1&rl_model=gtsr&slr_model=ipcc_2021_med
https://coastal.climatecentral.org/map/12/-6.8843/37.2712/?theme=sea_level_rise&map_type=year&basemap=simple&contiguous=true&elevation_model=best_available&forecast_year=2050&pathway=ssp3rcp70&percentile=p95&refresh=true&return_level=return_level_1&rl_model=gtsr&slr_model=ipcc_2021_med
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each sampling site, one intact sediment core was collected for general characterization. Cores were 

stored cool and dark until dissection.  

River water of Río Tinto (close to Niebla, Figure 1) and Río Odiel (close to Gibraleon) were collected 

upstream from the estuary area, where seawater influence was assumed to be negligible. 

Approximately 2 L of water were collected and stored cooled and dark immediately after collection.  

In April 2021 and 2022, additional bulk sediment was sampled at sampling sites TA1 and TB. From each 

site, the upper 5 cm of sediment were removed, and 5 kg of bulk sediment were taken from 5 to 30 

cm. In April 2021, additionally 5 intact sediment cores were sampled from TA1 and TB each and Río

Tinto river water (RW) was collected close to Niebla. 

2.3 Core dissection and basic characterization 

All samples were transported from the study area to Germany and processed within a week. Cores 

were sliced horizontally and then separated in sections according to visible layering along profiles 

(varying between 1.5 to 7 cm). Immediately after dissection, sections were flash frozen, freeze dried 

and manually homogenized. The following parameters were determined for all sediment layers and 

bulk sediment samples: sediment pH, C/N, elemental concentrations after aqua-regia digestion and 

sequential extraction.  

2.4 Experimental setups 

Potential metal(loid) mobilization was determined by mixing 6 mL synthetic SW ((ASTM, 2003), Table 

A2) with 2.5 g of dried, homogenized sediment from each layer under anoxic conditions inside a 

glovebox (Coy, 95%/5% nitrogen/hydrogen). The bottles were sealed with rubber stoppers and 

aluminum caps and stored in the dark at constant temperature of 21°C for 65 days (d). For the upper 

15 cm of the cores, incubations with each layer were repeated with brackish water (BW) at three 

different SW:RW ratios (20:80%, 50:50%, 80:20%). After incubation time, sediment suspensions were 

separated under anoxic atmosphere by suction filtration using 0.2 μm cellulose acetate (CA; Th. Geyer) 

filters. For liquid samples, pH and S(−II) were determined immediately and subsamples were stabilized 

in 0.45% (v/v) H2O2 (30%, Kraft) and 0.81% (v/v) HNO3 (65%, Kraft) for total metal(loid) analysis by ICP-

MS. Solid samples of SW incubation were freeze-dried and total metal(loid) content was determined 

after aqua-regia extraction by ICP-MS. 

Detailed experiments on factors driving short-term metal(loid) mobilization were carried out with two 

bulk sediments which represent two extremes within the estuary: site TA1 with low sediment pH and 

low C content and site TB with high sediment pH and high C content (Table A3). Of the homogenized 

wet bulk sediments TA1 and TB (sampled in 2021), 200 g were inundated in 1 L PE bottles for 60 d at 

20 °C in darkness with RW, SW and BW (50% RW, 50% SW). Seawater was amended with 100 μM 
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dissolved organic carbon (DOC), a typical SW concentration (Dafner et al., 1999), in form of D(+)-

Glucose (99%, Grüssing). For each inundation water, treatments with water saturation of sediments 

(‘saturated’) and 1 L of overlaying water phase (‘submerged’) were conducted in triplicates. Little 

differences were found for saturated and submerged treatments and results are summarized. 

Individual results can be found in Figure A14. Pore water samples were taken at day 1, 3, 5, 9, 15, 30, 

and 60 with rhizon samplers (Rhizon MOM 5 cm with pore size of membrane 0.12 to 0.18 μm, 

Rhizosphere) permanently installed in the sediments. Until stabilization or analysis, samples were 

handled anoxically. Redox potential, pH, and electrical conductivity (EC) were measured in pore water 

samples, Fe(II), total Fe, S(−II) were determined photometrically, and total metal(loid) contents were 

measured by ICP-MS after stabilization in 0.45% (v/v) H2O2 and 0.81% (v/v) HNO3.  

The experiment was repeated in 2022 for TA1 sediments under enhanced C influence. Therefore, 

sediment was amended with 0.01, 0.1, and 1% C as D(+)-Glucose and inundated only with SW under 

submerged conditions. High pulses of labile C where chosen to mimic scenarios such as algae blooms, 

storms and floods with overflowing waste water treatment plants, oil spills, or manure drainage from 

agricultural and livestock farms.  

The influence of waves on metal(loid) mobilization was simulated by shaking (Varioshake VS 8 BE, 

Lauda at 125 rpm) an equivalent of 4 g dry weight of bulk sediments TA1 and TB under oxic conditions 

with 10 mL and 100 mL SW in triplicates. Samples were taken after 48 h, filtered (0.20 μm CA, 

Macherey-Nagel), and analyzed for total metal(loid) content after stabilization in 0.45% (v/v) H2O2 and 

0.81% (v/v) HNO3. 

Long-term metal(loid) mobilization under realistic natural conditions was simulated by stagnant and 

tidal inundation with SW of sediment cores for 1 year. Five cores were sampled in April 2021 from site 

TA1 and TB. One core was used for characterization of original conditions and 4 were exposed to 

stagnant and tidal inundation with SW at 20 °C in darkness. For stagnant inundation, two cores of each 

sediment were flooded with 500 mL SW. For tidal inundation, 500 mL SW were pumped on and off the 

cores in a tidal rhythm (6 h high tide, 6 h low tide), resulting in a SW flow rate of 1.4 mL/min. A 10 L 

SW reservoir was used per sampling site for tidal inundation and occasionally refilled. The exposed 

cores were sampled after 100 and 365 d and dissected as described previously. Sediment pH, total 

metal(loid) content, and amorphous and crystalline Fe(III) were determined in freeze-dried and 

homogenized layers.  

2.5 Solid phase analysis 

Sediment pH was determined by shaking 2 g of freeze-dried, homogenized sediment with 5 mL 0.01 M 

CaCl2 (99.5%, Grüssing) for 30 min on an overhead shaker (Model 3040, GFL) at 20 rpm. Samples were 

centrifuged for 10 min at 3500 rpm (Rotofix 32 A, Hettich) and pH was measured in the supernatant. 
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Total sediment carbon and nitrogen contents were determined with a CHN elemental analyzer 

(Thermo Quest, Flash EA, 1112). 

To determine total metal(loid) contents, sediment layers were extracted by microwave digestion 

(MARS Xpress, CEM) in aqua regia (HCl 32 % + HNO3 65 %, ratio 3:1, 20 min heating to 160°C, 15 min 

holding the temperature). Extracts were filtered (0.20 μm CA) and analyzed by ICP-MS. The procedure 

for the sequential extraction is described in Table A4.  

Amorphous Fe was determined using ammonia oxalate extraction, by adding 10 mL 0.2 M ammonia 

oxalate (C2H10N2O5, 99.5%, Grüssing; pH 3.25) to 0.4 g of freeze-dried, homogenized sediment. 

Reaction vials were shaken for 4 hours at 200 rpm and centrifuged at 3500 rpm for 15 min. The 

sediment was washed with 5 mL of 0.2 M ammonia oxalate (pH 3.3) for 10 min, centrifuged and 

supernatants were combined to measure total Fe photometrically. 

Amorphous and crystalline Fe were extracted from sediments by dithionite-citrate-bicarbonate (DCB) 

extraction according to Mehra (1960). Briefly, 8 mL 0.3 M sodium citrate (C6H5Na3O7 ∙ H2O, 99%, Sigma-

Aldrich) and 1 mL 1 M sodium bicarbonate (NaHCO3, 99.5%, Grüssing) were added to 0.4 g of freeze-

dried, homogenized sediment. Reaction vials were heated to 80 °C in a water bath and held at this 

temperature for 30 min. Approximately 0.2 g sodium dithionite (Na2O4S2, 85%, Sigma-Aldrich) were 

added and samples were reintroduced to the water bath for 15 min before centrifugation at 3500 rpm 

for 15 min. Total Fe was measured photometrically in supernatants. Crystalline Fe was determined by 

subtracting the amount of amorphous Fe determined by ammonium oxalate extraction.  

2.6 Liquid phase analysis 

Redox potential and pH (HQ40d with MTC101, PHC101, Hach), as well as EC (WinLab, Windaus 

Labortechnik with LCV 0.35/21, Meinsberger Elektroden) were measured. Redox potential was 

converted to EH values and then to electron activity (pe). Redox conditions were classified as oxic (pH+ 

pH >14), suboxic (9-14), or anoxic (<9) (Blume et al., 2016; Fiedler et al., 2007). Fe(II) and total Fe 

concentrations were analyzed by the ferrozine method (Stookey, 1970) at 570 nm with a microplate 

reader (Infinite 200Pro, Tecan). For S(−II) in pore water, the methylene blue method (Cline, 1969) was 

used, measuring at 650 nm. 

2.7 Total metal(loid) contents 

Total contents were measured by ICP-MS (X-Series 2, Thermo Scientific and 8900 ICP-MS Triple Quad, 

Agilent). Detailed information about measurements can be found in Table A5. Certified reference 

materials (TMDA 54.5 or TMDA-62.2, Environment Canada) were used to check quality of 
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measurements. Internal standards (Rh [Rh+, m/z 103] and Re [Re+, m/z 187]) were applied to 

compensate for signal drift. 

2.8 Statistical methods for data processing 

Correlations and principal component analyses (PCA) were calculated using the R and RStudio software 

(R Development Core Team, 2008). Pearson correlation coefficients were used to assess the 

significance of all correlations presented. 

3 Results & Discussion 

3.1 Metal(loid) load in Río Tinto and Río Odiel estuary 

Sediment metal(loid) contents showed a large spatial heterogeneity among the seven sampled cores 

(Figure 1, A1,A2) due to differences in deposition history in the braided river systems, seasonal 

flooding, tidal influence and additional anthropogenic input. Sediment pH increased with increasing 

SW influence towards the coast (pH 3.6 to 7.4 in the upper layers of T0 to TC, respectively; Figure A1, 

Table A6) while sediment C distribution did not show an overall trend towards the coast. However, 

Tinto cores (0.6-3.6%), especially site TB, have higher C contents than Odiel cores (0.3-1.1%). 

Decision tree (Figure A3), PCA (Figure A4), and correlation analyses (Appendix B) showed that 

contaminant loads in the estuary cannot be predicted based on simple general parameters such as pH, 

C, Fe, S, P, Mn, Al, or sediment color because of the sediments´ large heterogeneity. However, across 

all cores, Fe, S, As, Sb, Pb as well as C, Cd, Cu, Zn and P, U showed similar trend (Figure 2a, A5, A6). 

High concentrations of Fe- and S-associated contaminants were found at low sediment pH (<4, e.g. T0) 

as expected for anions like As and Sb, but also for Pb (Figure 2b-d). Even though a cation, Pb is sorbed 

to Fe-minerals as low as pH 3 (Fischer et al., 2007). This may be related to the precipitation of Fe and 

Al oxyhydroxysulfates during estuarine mixing processes at pH values below 5 (Asta et al., 2015). 

Contaminants associated with C (Cu, Cd, and Zn), were enriched at high pH (>6, e.g. TB & TC) as 

expected for these cations (Figure 2e-g). Elements with a high affinity to C such as Cd, Cu, and U showed 

a clear trend towards accumulation with high C content especially in TB. Phosphorus associated U and 

also Cd (Figure 2i & h), more prominent in TB & TC, most likely do not originate from the mining area, 

but are leached from the phosphogypsum stack close to site TC (Figure 1) (Borrego et al., 2002). 
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Figure 2a: PCA using pH and elemental content in all sediments layers of all cores as parameters. Data 

were normalized to largest values. 2b-i: Metal(loid) content of sediment layers against sediment Fe 

and C content, as well as U against P sediment contents. Sediment pH is reflected by color of data 

points. 

For evaluating the risk of metal(loid) mobilization under future climate scenarios, the current 

contamination load was evaluated by comparing obtained data to action levels (AL; below AL1: 

disposal permitted, between AL1 & AL2: further studies required prior to disposal, above AL2: material 

must be isolated, above 8*AL2: special isolation techniques are required) for disposal of dredged 

sediments and ERM (effects range-median) above which biological effects are expected frequently 

(Figure 3, Table A7 (DelValls et al., 2004; Long et al., 1995)). Measured Ni and Cr concentrations were 

below thresholds, while all Cd values were below the ERM, but site TB and upper TC were above AL1. 

The situation for Zn was more heterogeneous as most sites were below AL1, whereas sites TA2, TB, 

and TC were between AL1 and AL2. Overall 52% of sampled layers were above the ERM. Lead values 

showed a wide concentration range; however, all values in the upper layers exceeded AL1. Especially 

high concentrations were observed at sites T0 to TB, where upper layers exceeded AL2 by up to 3-fold 

and 82% of all layers sampled at Río Tinto sites exceeded the ERM compared to only 40% at Río Odiel 

sites. For Cu, all samples exceeded AL1 and all upper layers were above AL2 by up to 6 times. More 

than 90% of samples exceeded the ERM in Río Tinto and more than 70% in Río Odiel estuary. The 

severest contamination was found for As, where all upper layers were above AL2 and ERM. At site T0, 

the first 17 cm were up to 14-times above the AL2 and are therefore classified according to the highest 

contamination category (>8*AL2). The As contamination was more pronounced in Río Tinto estuary 
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where more than 90% of the samples exceeded the ERM compared to only 33% in the Río Odiel 

estuary. Similar metal(loid) concentration were reported in the estuary before (Borrego et al., 2002). 

The site characterization showed that Río Tinto estuary generally has even higher metal(loid) loads for 

Fe, Cu, Zn, As, Cd, Sb, Pb, and U than Río Odiel. However, both estuaries are highly heterogeneous in 

their metal(loid) loads. Especially high loads of the potentially toxic elements Zn, Pb, Cu, and As, stored 

in sediments, could pose a risk for further mobilization under changing hydrological regimes.  

Figure 3: Boxplots of metal(loid) content in sediment all layers of all cores. Action levels (AL; below 

AL1: disposal permitted, between AL1 & AL2: further studies required prior to disposal, above AL2: 

material must be isolated, above 8*AL2: special isolation techniques are required) for disposal of 

dredged sediments and ERM (effects range-median) concentrations are shown according to Spanish 

legislation (DelValls et al., 2004; Long et al., 1995). Box plots: line, median; cross, mean; box, 

interquartile range; whiskers, 1.5 interquartile range. 

3.2 Potential metal(loid) mobilization from sediment layers 

To evaluate the metal(loid) mobilization potential of the estuary system, all layers of the 7 cores were 

incubated anoxically with SW. Mobilization after 65 d was as heterogeneous as the metal(loid) 

reservoir in the sediment cores (Figure A7, A8). Due to the complex system (varying pH, C, Fe, Al, Mn 

contents), no parameter was found that could predict metal(loid) mobilization in the estuary based on 

sediment loads (Appendix C). Sequential extractions of sediments performed to identify easily 

extractable fractions of metal(loid)s, could not predict mobilization either because high ionic strength 

of SW was not mimicked (Table A4, Appendix D). 
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In relation to the large reservoir of metal(loid)s in the estuary, overall mobilization to SW was mostly 

below 1%, except for Mn, Co, Cu, Zn where mobilization of up to 12% occurred in single layers. 

Exceptionally high Cd mobilization was found at both Odiel sites with up to 89% (Figure A9), which 

could be attributed to the different retention mechanisms within the sediment. Thus, Cd may be 

sorbed onto Fe and Al minerals in the Odiel sediments, while in the Tinto may be hosted by carbonates. 

However, even relatively low mobilization compared to the sediment reservoir can lead to elevated 

metal(loid) concentrations in the overlaying water. Taking Spanish national environmental quality 

standards for surface water into account (Table A8), 73-98% of all samples exceeded the limits for Cd, 

Cu, Ni, and Zn in the estuary (BOE, 2015). For Pb 42% and for As only 27% of all samples were above 

water quality standards, even though As was the element exceeding sediment quality standards the 

most. These results clearly show that simply surveying contaminant loads in the estuary is not enough 

to predict further metal(loid) mobilization and additional geochemical factors need to be taken into 

account as shown before e.g. (Allen, 1993; Atkinson et al., 2007). Correlation analyses showed that C 

and sediment pH were the parameters most helpful in estimating mobilization of contaminants (Figure 

4a-g, A10 & A11, Appendix B & C). The anions As (pH>6) as well as V and U (both pH>7) clearly showed 

increasing mobility with increasing pH (Figure 4a-c), whereas lower mobility was found for the cations 

Al (pH>4, 2% C), La (pH>4.5, 1% C), as well as Ni and Zn (both pH>5) with increasing pH and C (Figure 

4d-g). No clear trends were found for Cd, Cu, Co, Cr, Mn, and Pb.  

Besides inundation with SW, the estuary system is prone to flooding with BW when SW and RW are 

mixing (Basallote et al., 2019). To examine the influence of salinity and pH on metal(loid) mobilization, 

upper layers of all cores were incubated with three types of BW (20% SW: pH 4.3 & 4.5, 12 mS/cm; 

50% SW: pH 4.9 & 5.7, 28 mS/cm; 80% SW: pH 6.5 & 7.0, 42 mS/cm, for Río Odiel und Río Tinto, 

respectively). Metal(loid) mobilization increased with increasing SW contribution (increasing ionic 

strength & pH) in all cores for most elements, e.g. Cu (Figure 4i), except for Fe, As, and V (Figure 4h, 

A12). Brackish water with 20-50% SW contribution showed the potential to partially sequester 

contaminants transported by RW especially for Al, Cd, Cr, La, Ni, Pb, U, and Zn (Figure 4i & k, negative 

values compared to BW blanks indicate sequestration to the sediment). The pore-water pH was 

independent from ionic strength and pH of incubation water and solely determined by the sediment 

pH (Figure A13). However, cores with sediment pH above incubation water pH (TB, TC, OA, and OB) 

showed increased pore-water pH after flooding and enhanced sorption of cations e.g. Al, Ni, and Zn.  

After the first general characterization, sediment cores TA1 and TB were used for more detailed 

experiments on metal(loid) mobilization as those cores were representing two common sediment 

types in the estuary. Tinto A1 was characterized by acidic sediment pH, low C content, and high cation 

mobilization whereas TB had a more alkaline sediment pH, high C content, and high As mobilization.  
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Figure 4a-g: Potential mobilization for selected metal(loid)s after 65 d SW incubation in individual core 

layers against carbon content (%). SW pH after incubation is shown by color. Data for all elements are 

shown in Figure A9 and A10. 4h-k: Potential metal(loid) mobilization (positive values) or sequestration 

(negative values) of upper layers at TA1 after incubation with BW and SW (20% SW: pH 4.5, 12 mS/cm; 

50% SW: pH 5.7, 28 mS/cm; 80% SW: pH 7, 42 mS/cm, Río Tinto). Box plots: line, median; cross, mean; 

box, interquartile range; whiskers, 1.5 interquartile range; circle: outlier. Data for all elements and 

cores are shown in Figure A12. 

3.3 Enhancing short-term metal(loid) mobilization upon SW inundation 

For results more comparable to natural conditions, sediments for short-term experiments were not 

dried prior to inundation with RW, BW and SW and inundation was performed with 200 g of sediment 

to avoid depletion of nutrients or accumulation of reaction products. Monitoring metal(loid) 

mobilization over 60 d, an initial mobilization pulse was seen in TA1 for all elements except Fe, As, and 

Se on day 1 that decreased to stable concentrations until day 10 (Figure A14, A15). The effect was less 

pronounced in TB as cation mobilization was lower in this sediment. 

After sediments reached equilibrium, two main driving factors for metal(loid) mobilization were 

observed: pH and salinity (conductivity). Cations, except Fe, showed higher mobilization with more 

acidic pore-water pH in TA1 (orange points) than under more alkaline conditions in TB (blue points) 

(Figure 5c-f, h-k, n & o, A16), whereas anions As and Se showed the opposite behavior with higher 

mobilization under alkaline pH (Figure 5b & g) with increasing SW concentration.  
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Figure 5: Short-term metal(loid) mobilization of TA1 (orange points) and TB (blue points) in bulk 

sediment flooded with RW, BW or SW for 60 d under stagnant conditions. Conductivity and pH were 

measured after 60 d in pore-water. Negative values show immobilization of metal(loids) compared to 

inundation water. 

To investigate whether influence of waves and sediment disturbance could cause the initial pulse 

mobilization in the inundation experiments, shaking experiments with different solid:solution ratios 

(SSR) were performed. Mobilization was increased for nearly all elements in samples with shaking 

compared to those without shaking at similar SSRs (Figure A17) which shows that physical sediment 

disturbance can lead to additional mobilization. However, further increased mobilization with higher 

SSR was mainly seen for TB and no difference or rather a decrease in mobilization was seen for TA1. 

While no differences in amorphous Fe phases were found between TA1 and TB (Table A3; 45 & 42 

g/kg, respectively), sequential extraction of the original sediments (Appendix D) showed that more 

metal(loid)s are stored in the labile fraction in TB, e.g. 0.76±0.03 µg/kg As versus 0.12±0.00 µg/kg As 

in TA1 (same for Cd, Pb, Co, Ni, U, Zn; less pronounced for Mn, Se) and were released by competitive 

desorption. Comparing the results to the initial pulse mobilization seen within the first 10 d of SW 

inundation in TA1 (Figure A14 & A15), the high mobilization of TB seems counterintuitive at first glance. 

However, high SSR increased the pore-water pH compared to inundations (Fig. 5) and with that 

hindered cation mobilization in TA1. 
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In order to test the influence of labile C input after extreme events, TA1 sediment was amended with 

0-1% glucose and inundated with SW for 60 d. Addition of 0.1 and 1% glucose decreased pe+pH values

compared to the control (10.9±0.1 compared to 13.0±0.3) and clearly mobilized Fe and anions As, Sb, 

and V sorbed to Fe-minerals (Figure 6a,b,d & f, A18, A19). A lower increase in mobilization was seen 

for Se (Figure 5e). High C input additionally increased Cu mobilization (Figure 5c). The labile C input did 

not hinder cation mobilization compared to the control without C. Interestingly, the susceptibility of 

small pH changes can be seen when comparing the control inundations from this experiment to the 

experiment done in 2021. The bulk sediment had a slightly higher pH in 2022 (4.7) compared to 2021 

(4.0) and an immediately decreased cation mobilization, e.g. for Al, could be observed (Figure A14 & 

A19).  

Figure 6: Short-term metal(loid) mobilization of TA1 after C-addition of 0, 0.01, 0.1, 1% C as glucose 

and SW flooding. Data shown for elements where mobilization was enhanced upon C addition. Data 

for all elements are shown in Figure A18. 

3.4 Long-term metal(loid) mobilization from sediment cores under stagnant and tidal 

SW inundation 

While incubation experiments can serve as a proxy for potential metal(loid) mobilization, long-term 

inundation of intact cores will show current mobilization of the undisturbed natural system. Within 1 

a of SW inundation, sediment pH in TA1 upper layers became more alkaline (pH 4.9 to 6.0) and the pH 

increase was clearly enhanced under tidal flooding (pH 6.7, Figure 7a). However, no large changes were 

seen for TB as the sediment pH was already alkaline (pH 7.1). Contrasting trends were also seen for 

transformation of Fe mineral phases. Site TA1 showed little differences between stagnant and tidal 
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inundation. Upper layers were initially dominated by crystalline Fe-phases (45% and 30% amorphous 

Fe in stagnant and tidal cores) that transformed to more amorphous phases within 100 d (33-44% and 

21% crystalline Fe) and re-crystallized within 1 a (52% and 12% amorphous Fe; Figure 7b, A20). Tidal 

inundation of TB showed similar trends compared to TA1, while crystalline Fe phases were completely 

depleted after 1 a in the stagnant TB and only amorphous Fe was available (61±12 g/kg). Total Fe 

concentrations were constant (around 110 and 80 g/kg in TA1 and TB) over time and changes in Fe 

phases cannot be attributed to Fe loss. Contaminant reservoirs in the Tinto estuary are so high that 

even after 1 a of tidal or stagnant inundation no obvious changes were found in the total metal(loid) 

content of cores (Figure A21). 

Measured redox potential in the overlaying water indicates that reducing conditions were only 

established in stagnant TB core (pe+pH 8, Table A9) while stagnant core TA1 stayed suboxic (pe+pH 

11). Hence, reductive Fe dissolution was highest under stagnant conditions at TB dissolving crystalline 

Fe and re-precipitating amorphous Fe phases. Limited in labile C, reactive Fe dissolution was low in 

TA1 and the cores reached a steady-state equilibrium within 1 a. Both tidal systems had slightly suboxic 

to oxic conditions (pe+pH 13 & 14) which was in line with little Fe transformation observed. Compared 

to SW inundations, lower metal(loid) contents were mobilized in both stagnant cores (0.01-53 % and 

0.01-73% less for TA1 and TB, respectively). More mobilization was seen for Mn with 114% in TA1 and 

As (251%) and U (196%) in TB. Metal(loid) mobilization in TA1, even though lower than in SW 

inundations, was still above environmental quality standards (Table A8) for Cd (10 µg/L), Cu (29 mg/L), 

Ni (29 µg/L), and Zn (1.9 mg/L), however As mobilization (3.6 µg/L) was very little with As 

concentrations even below drinking water guidelines. The situation at site TB is exactly opposite to TA1 

since environmental quality standards were met for all elements, except for As (290 µg/L). Low 

mobilization of metal(loids) at TB is most likely due to sorption to newly formed amorphous Fe phases 

as the pH of overlying water is rather similar at both sites (6.0 at TA1 and 7.1 at TB). 

Tidal inundation showed high initial mobilization pulses for Mn, Cu, and Zn especially in TA1 after 24 d 

into the 10 L SW reservoir (Table A9). Lower concentrations measured thereafter could result from 

immobilization of contaminants into the sediment, however, several leakages in the experimental 

setup required refilling with fresh SW, also lowering the contaminant load. One factor that our 

inundation setup could not mimic was wave moment that was found to contribute to mobilization in 

separate experiments as described before.  
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Figure 7a: pH changes over 1 a during long-term tidal and stagnant SW inundation. Sediment pH after 

inundation is shown by color b: Amorphous and crystalline Fe phases and their ratio comparing 

stagnant and tidal inundation. Cores were sampled after 0, 100, and 365 d.  

3.5 Future implication of sea level rise for estuaries polluted with metal(loids) 

Predicted flooding of the Ría of Huelva estuary under future climate conditions will severely influence 

the metal(loid) loads stored in the sediments and pose the risk to re-mobilize currently sequestered 

contaminants. Independent of sediment chemistry, physical disturbance, e.g. tide or waves (Figure 

A17), will break down sediment aggregates or weather mineral surfaces (Morales et al., 2019) and thus 

release sorbed ions or smaller particles with a larger surface area enhancing metal(loid) mobilization 

by competitive desorption from before non-accessible sorption sites.  

One main chemical driving factor for metal(loid) mobilization was the sediment pH. Cations showed 

higher mobilization with more acidic pore-water pH (e.g. in TA1) than under more alkaline conditions 

(e.g. in TB) (Figure 4 & 5), whereas the anions As and Se showed the opposite behavior with higher 
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mobilization under alkaline pH. Under acidic sediment conditions, more surface sites are positively 

charged due to highly protonated functional groups favoring desorption of cations in the order of their 

first hydrolysis constant (Cr3+<Al3+<Cu2+~Pb2+<Zn2+<Co2+~Ni2+<Cd2+<Mn2+) (Blume et al., 2016; Forbes et 

al., 1976). At alkaline conditions, sediment surfaces are negatively charged due to more deprotonated 

functional groups and anion desorption decreases according to their pKa1. Pore-water pH was 

independent from the ionic strength of inundation water and solely determined by the sediment pH 

(Figure A13) as observed before (Blume et al., 2016; Wong et al., 2010). Interestingly, low sediment 

pH (3.8-6.4) led to even further decreased pore-water pH (3.2-5.9) after flooding with SW (pH 8.2), 

while higher sediment pH (5.0-7.4) led to increased pore-water pH (5.6-7.7). Competitive desorption 

leads to additional proton mobilization and hydrolysis of released cations additionally increases proton 

concentrations (Wong et al., 2010; Wright et al., 1988). However, this effect is not observed in the 

same intensity for all sediments especially not for TA1 and reasons for this remained unclear. 

The second factor greatly influencing mobilization was ionic strength (salinity) leading to higher 

mobilization with higher ionic strength independent of pH (Figure 5, A16). Similar trends were seen 

when single layers of all cores were incubated anoxically with BW and SW (Figure 4, A9) or for 

inundated costal sediments (Wong et al., 2015). High ionic strength increases competitive cation 

desorption by introducing high concentrations of Na+, Mg2+, and Ca2+ to the system (Wright et al., 

1988). At low ionic strength, initial sediment pH is the main driver for metalloid mobilization or 

sequestration, however, with increasing ionic strength competitive desorption overrules pH influences 

and acts as the main driver for metal(loid) mobilization. High ionic strength did not increase As and Fe 

mobilization in TA1 due to low reductive dissolution of Fe caused by labile C limitation of site TA1 (see 

3.3). Arsenic was mainly bound to amorphous and crystalline Fe-/Mn-oxides at this site (Table A10, 

Appendix D) and therefore not desorbed by solely increasing ionic strength. 

Under predicted climate change scenarios, extreme events such as floods, storms, or droughts are 

more likely (IPCC, 2021) and those events could release labile C to the estuary system by e.g. 

overflowing wastewater treatment plants, oil or manure spills, or producing dead biomass from 

seasonal algae blooms (Cramer et al., 2018; Lange, 2020). Currently, sediment TA1 has lower sediment 

C (Table A3) than TB and all experiments showed that Fe-minerals in TA1 were fairly stable, even under 

long-term stagnant inundation as the redox potential remained suboxic not reaching anoxic conditions 

(Figure A18, Table A9). These observations hint towards low availability of labile C in the sediment 

hindering microbially mediated reductive Fe dissolution. However, if future climate extreme events 

increase labile C availability, Fe and the anions As, Sb, and V will be mobilized (Figure 6, A19) as 

observed before for As (LeMonte et al., 2017). Besides anions, more Cu was mobilized due to its high 

affinity to C. High DOC concentrations in the pore-water will mobilize Cu by formation of Cu-DOC 

complexes (Mehlhorn et al., 2018). The labile C input did not hinder cation mobilization compared to 
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the control without C, so labile C input turned TA1 sediment into both a source for cation as well as 

anion leaching.  

Taking the factors into account that will influence metal(loid) mobilization under future climate 

conditions, the following short- and long-term scenarios are predicted. In the near future, the estuary 

will be sporadically flooded with BW after extreme events e.g. storms or heavy rain and metal(loid) 

mobilization will be governed by sediment pH and the salinity of the BW. Especially acidic sediments 

will be prone to cation mobilization if the BW contains more than 50% SW (Figure 4, 5). Larger inputs 

of labile C during these extreme events pose an additional risk in currently C-limited acidic sediments. 

These sediments have a naturally high cation mobilization that is not hindered by additional C, 

however, enhanced reductive dissolution of Fe-minerals will also mobilize currently sequestered 

anions (Figure 6).  

Over several decades with elevated sea levels, larger parts of the estuary will be permanently 

inundated with SW. Considering the results from the 1 year-SW inundation, the most likely scenario is 

that acidic sediments flooded with SW will reach rather neutral sediment pH over time (Figure7). The 

higher pH will decrease cation mobility compared to previous acidic conditions and as suggested from 

our results might limit net mobilization of Cd, Cu, Pb, Al, Ni, Zn (Figure 5) similar to observations under 

different hydrological regimes in the estuary (Basallote et al., 2019). Even though SW inundation might 

limit net mobilization, measured pore-water concentration for potentially toxic elements, e.g. Zn 

(Figure A16) were still above environmental quality standards (BOE, 2015) and more cations could 

easily be liberated into SW by waves and sediment disturbance. Further, anion mobilization will remain 

problematic under neutral to alkaline sediments pH as seen in TB (Figure 5) and As pore-water 

concentrations also were found to be above environmental quality standards (BOE, 2015). 

5 Conclusion 
Under current climatic conditions, the Ría of Huelva is a highly contaminated estuary system with a 

strongly increasing pH gradient towards the coast and high spatial heterogeneity in metal(loid) load. 

Current contaminant loads in the sediments exceed action limits in an increasing order for Cd, Zn, Pb, 

Cu, and As. Potential metal(loid) mobilization under predicted SW and BW flooding led to further 

exceeding of water quality standards in increasing order for As, Pb, and Zn~Ni~Cu~Cd. While solely 

sediment loads could not be used to predict mobilization, sediment pH and salinity were identified as 

the main driving factors. Cation and anion mobility were found to be mainly pH-controlled under low 

salinity, while competitive desorption overruled pH effects with increasing SW content. In sediments 

limited in labile C, input of labile C enhanced reductive Fe dissolution causing mobilization of anions or 

C-associated elements, e.g. Cu. Independent from sediment chemistry, physical disturbances as waves
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or strong floods contributed to metal(loid) mobilization by breakdown of sediment aggregates and 

minerals.  

Rising sea level will first affect already alkaline sediments closer to the coast like site TB and enhance 

currently low cation mobilization mainly by increasing salinity, while high anion mobilization due to 

reductive Fe dissolution will remain. Highest contaminant mobilization can be expected once acidic 

sediments further inland that have a high contaminant load (TA1) will be flooded with SW. On the 

short-term, high ionic strength will further increase cation mobilization as sediment pH is still acidic. 

On long-term scenarios, sediment pH will be neutralized by SW and thus limit cation mobilization to 

levels observed at site TB. Considering long-term scenarios for the Ría of Huelva estuary is important, 

as the contaminant load in the sediment is so high that slow mobilization to the SW could last for more 

than 1000 years, e.g. for As, Pb, and Al (linearly extrapolating mean potential mobilization in the 

estuary). The results obtained in this study could be useful to predict short- and long-term scenarios 

of metal(loid) release upon climate change in other estuaries worldwide affected by metal(loid) 

pollution. 
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