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A B S T R A C T

The distribution and bioavailability of lanthanides in metal-rich sediments have been studied performing a 
transect sampling across an estuary affected by acid mine drainage and the combination of 24 h passive sampler 
deployment (diffusive gradient in thin films; DGTs) and determination of labile fractions (i.e., porewaters, acid- 
extractable, associated to carbonate and ion-exchangeable). Relationship between concentrations in DGTs and 
the rest of labile fractions were no observable. Rare earth elements (REE) in DGTs ranged from 0.75 to 4.9 μg L− 1, 
while in porewaters most samples exhibited values below the detection limit of the equipment, which highlights 
the suitability of these devices to monitor trace pollutants at low concentrations in estuarine sediments. A spatial 
trend in REE and Y absorption by DGT was observed, with increasing values with river influence. REE and Y are 
preferentially associated to the carbonate-associated and acid-extractable fractions, although exhibiting a high 
variability (3.7–74 % for REE and 6.4–94 % for Y in the acid-extractable fraction and from 1.0 to 71 % for REE 
and 2.0–95 % for Y in the carbonate-associated fraction) but scarcely contained in the ion-exchangeable fraction. 
This variability seems to be controlled by the mineralogical assemblage, especially those REE-carrying minerals 
such as Al oxyhydrosulfates, phosphates, Fe oxyhydroxysulfates and aluminosilicates. REE and Y appears to be 
preferentially associated to Al and S in the acid-extractable fraction while in the carbonate-associated one these 
elements seem to be related to Fe and P. The application of NASC-normalized patterns to environmental com
partments suggests REE and Y retained in the sediment not only come from labile species in porewaters but also 
from the passing of Al nanoparticles and colloids through the diffusion layers of the DGTs. This information 
would have important implications for the validation of these devices for monitoring REE and Y exposure in 
heavily metal-polluted sediments worldwide.

1. Introduction

Technology metals (TMs) are increasingly used in high-tech appli
cations such as telecommunications technology, the manufacturing of 
semiconductors, electronic displays and optical and energy-related de
vices (Eggert, 2011). Among them, rare earth elements (REE) stand out 
due to their economic importance and increasing emissions to the 
environment. Although REE are traditionally separated into two groups; 
light rare earth elements (LREE from La to Eu) and heavy rare earth 

elements (HREE, from Gd to Lu) (IUPAC et al., 2005), recent classifi
cations divide them into three different groups: LREE (from La to Pm), 
medium REE (MREE, from Sm to Gd) and HREE (from Tb to Lu). Because 
analogous chemical properties related to their electronic configuration, 
which makes them almost inseparables during analytical determinations 
or even commercial extraction, scandium and yttrium are also consid
ered within the REE group. REE in the environment come mainly from 
geogenic sources, but their contribution from high-tech devices and 
other sources such as industrial, agriculture and medicine is growing 
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interruptedly in the last years (Arienzo et al., 2022). These increasing 
emissions of REE have led to increasing concentration in waters and 
sediments, especially in estuaries and coastal areas (Brito et al., 2018; 
Delgado et al., 2012; Neira et al., 2022), posing a significant potential for 
increasing exposure to living organisms. Discharge from rivers, sewage 
and industrial effluents in estuaries constitutes a huge environmental 
quandary, especially for those TMs that have suffered a drastic increase 
in emissions such as La and Nd (Geagea et al., 2007). In addition, the 
fractionation of these elements in environmental matrices offers critical 
insights into the basic physicochemical processes governing their dis
tribution and behavior (Chakhmouradian and Wall, 2012). For all these 
reasons, REE distribution in estuarine sediments as well as their expo
sure to benthic organisms should be monitored as part as programs 
assessing environmental status.

Diffusive gradient in thin-films (DGTs) are increasingly considered as 
an alternative technique to study REE and Y (REY) exposure in aquatic 
organisms. Providing simple, reliable, and sensitive measurements of 
DGT-labile metal species (e.g., free ions, inorganic form and metal 
weakly bonded to organic ligands), these passive samplers allow testing 
potentially toxic elements (PTE) bioavailability, as it has been pointed 
out at DGT-labile metal concentrations as the fraction that best predicts 
toxicity to exposed organisms (Amato et al., 2016; Cindrić et al., 2020; 
Davison, 2016; Menegário et al., 2017; Philipps et al., 2019). The use of 
DGT passive samplers as a complementary tool for discrete sampling has 
been reported for about 20 years, showing a good performance to 
monitor metal availability in aquatic environments (Cánovas et al., 
2020a; Cánovas et al., 2020b; Gao et al., 2019; Marrugo-Madrid et al., 
2021). Recently, the researcher community (e.g., Amouroux et al., 2023, 
Miège et al., 2015) proposes the use of DGT in a regulatory context at 
European level (e.g., to set up frequency and period of deployment for 
DGTs), in the structure of the Water Framework Directive (WFD; 
Directive, 2000/60/EC) by defining a standard guideline for using 
DGTs.

While metal bioaccesibility and toxicity in sediments have been 
previously approached using DGT (Amato et al., 2014, 2016; 2018; 
Gillmore et al., 2021), its application to study REY exposure has been 
scarcely documented in estuarine sediments. For instance, the amount of 
trace elements that can be released from the contaminated sediments to 
the water column in the Belgian coast has been estimated in the range of 
4.4 × 10− 5 to 0.10 mmol m− 2 d− 1 for Co, Pb, Cr, As, Cu, Ni, Fe, and Mn 
using DGT devices (Gao et al., 2009). The first laboratory ecotoxico
logical assessment of REE in intertidal sediments of the Pearl River es
tuary (China) using DGTs showed a low toxicological risk for benthic 
organisms (Gu et al., 2020). However, these studies need to be extended 
to other estuaries affected by anthropogenic contamination. In this 
sense, a remarkable example of metal pollution is the Ria of Huelva 
estuary (SW Spain), historically affected by mining and industrial ac
tivities. This estuary receives huge loads of inorganic pollutants from the 
Tinto and Odiel rivers (Nieto et al., 2007), among them REE. For 
instance, only the Tinto River delivers around 5.8 ton/yr of dissolved 
REE (Cánovas et al., 2021) to the estuary, which are chiefly trapped in 
the sediments during the estuarine mixing processes of acidic waters 
(pH ~ 3.0) and alkaline seawater (Borrego et al., 2004; Pérez-López 
et al., 2023). In addition, around 144 kg/yr of REY are released from a 
nearby phosphogypsum stack deposited in the estuarine marshlands 
since the 60s (Cánovas et al., 2018). These REY fluxes from mining as 
well as those from industrial origin (i.e., petrochemical industry, Cu 
smelter or former paper mills), also located in the estuary, may be added 
to those related to agricultural, medical and mass consumption goods in 
the area, with a total population of around 350,000 inhabitants. Defi
nitely, the Ria of Huelva is an ultimate setting worldwide to study the 
bioavailability of REY in polluted estuarine sediments. Hence, the main 
goals of this work are: i) to study the REY distribution in estuarine 
sediments of the Ria of Huelva, ii) to determine the labile fractions of 
REY in the sediments studied, iii) determining the REY bioaccessibility 
using DGT devices, and iv) identifying the factors controlling the 

bioavailability of REY in such polluted sediments.

2. Study area

The Ria of Huelva estuary is formed by the confluence of the acidic 
Tinto and Odiel rivers with seawater (Supporting information; Fig. S1). 
This work focuses on the Odiel estuary because of its exceptional 
ecological status (UNESCO Biosphere Reserve, Ramsar site), which is 
intensively affected by acid mine drainage (AMD) as a result of a long 
history of mining in more than 80 sulfide mines distributed across the 
Odiel river watershed. The water depth decreases progressively from the 
upper to the lower part of the estuary, with maximum depths of 13 m 
(Cánovas et al., 2020a). This semidiurnal mesotidal regime estuary 
(mean tidal range of 2.69 m) is characterized by two different mixing 
processes, a pH-induced water mixture in the upper part of the estuary, 
and a salt-induced mixing in the lower one (Borrego et al., 2004). Thus, 
these mixing processes between the volume of acidic river waters and 
the neutral seawater predominantly control the hydrochemical proper
ties of the Odiel estuary. During the mixture, intense removal of metals 
(e.g., Fe, Al, or Cu) from the water column takes place due to the pro
gressive rise in pH values, leading to the enrichment in metals of estu
arine sediments (Besada et al., 2022; López-González et al., 2006; 
Pérez-López et al., 2023; Ruiz et al., 2020). Besides the long-lasting 
mining chronic contamination, the estuary has also been affected by 
industrial pollution because of the settlement of an industrial complex in 
the 60’s of the last century, composed mainly of a pyrite roasting and 
copper smelting plant, a paper mill, a fertilizer factory (which has 
generated extensive stacks of phosphogypsum), and a petrochemical 
complex (Sainz et al., 2004).

3. Methodology

3.1. Sediment and porewater sampling

A sampling was performed along the Odiel estuary to reflect the 
hydrochemical gradients observed in the estuary, selecting tidally- 
flooded sampling sites according to the river influence and the prox
imity to pollution sources (Fig. S1). With the higher river influence, 
sampling point OS1 is located close to a small urban settlement. OS2 is 
located downstream, near an abandoned mineral processing plant, 
where large waste dumps were placed and estuarine soils evidence a 
high degree of pollution (e.g., up to 9.8 g kg− 1 of Pb, 1.5 g kg− 1of As, 1.5 
g kg− 1 of Zn, and 705 mg kg− 1 of Cu; Grantcharova and Fernández-
Caliani, 2021). OS3 and OS4 sampling points correspond to transitional 
environments from river to seawater with abundance of halophyte 
plants (Salicornia and Spartina spp.), and included in a Biosphere Reserve 
declared by UNESCO since 1983. Finally, OS5 has the largest seawater 
influence, located in the outer part of the estuary, at the entrance of the 
Padre Santo channel where ships enter to port, and near the chemical 
industrial complex (Fig. S1).

Sediment were collected at tidally influenced sites in the estuarine 
margin channel introducing PVC tubes 15 cm deep, adjacent to DGT 
devices (see section 3.2). The cores were sealed, preserved in refriger
ated conditions, and transported to the laboratory at the University of 
Huelva (Spain), where they were sliced in 3 cm layers. About 30 mL 
sediment subsamples were frozen at − 20 ◦C in sterile plastic bags and 
freeze-dried (Telstar LyoQuest, − 40 ◦C and 0.2 mbar of pressure) before 
analysis. Other aliquots of each sediment layer were used to obtain 
porewaters, centrifuging at 3500 rpm during 5 min. Porewater solutions 
(20 mL) were immediately filtered through 0.45 μm pore size Millipore 
filters, stored in high-density polyethylene (HDPE) vials, acidified to pH 
< 2 with nitric acid 69 % Merck Suprapur®, and preserved in a refrig
erator until analysis. Subsequently, physicochemical parameters such as 
temperature, pH, oxidation-reduction potential (ORP), and electrical 
conductivity (EC) were immediately measured in the remaining water 
using HANNA HI 98190 and 98192 portable meters. A three-point 
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calibration was performed for both EC (147 μS/cm, 1413 μS/cm, and 
12.88 mS/cm) and pH (4.01, 7.00, and 9.21), while the ORP was 
controlled using two points (240 and 470 mV). For OS5 was not possible 
to obtain enough amount of porewaters from the deeper layers due to 
their high sand content.

3.2. DGT device settings

Sediment DGT passive samplers (LSPX-NP Loaded DGT device DGT® 
Research), which accumulate the labile fraction of metals showing af
finity to a Chelex resin, were sunk (approximately 15 cm) in the sedi
ment at the selected sampling sites, with the exposure window at the 
sediment-water interface, following the instructions given by the 
distributor. These passive samplers are designed to allow the diffusion of 
free cations and labile metal complexes (labile fraction) through a pol
yethersulphone filter membrane (0.45 μm porosity) and a 0.8 mm APA 
diffusive gel due to a concentration gradient, being accumulated in a 
mixed binding layer of Chelex and titanium oxide (Metsorb), the Chelex- 
100 resin gel. Having a dimension of 5 × 240 × 40 mm and an exposure 
window of 18 × 150 mm, the LSPX-NP DGT device has been especially 
designed to measure up to 40 metals (Panther et al., 2014). After about 
24 h of exposure, the DGT devices were successively retrieved from the 
sediments, generously rinsed with Milli-Q water, kept in cold conditions, 
and transported in sterile plastic bags to the laboratory. Subsequently, 
the devices were dismantled, each gel resin was sliced in 3 cm segments, 
which were placed in separated acid washed polyethylene vials con
taining 1 mL ultrapure HNO3 (1 M), and shaken at 60 rpm for 24 h 
(Ardelan et al., 2009; Basallote et al., 2020). Finally, the elution extracts 
were diluted with Milli-Q water to 10 mL prior to metal determination. 
Element concentrations in the DGT devices were determined according 
to the equations Eq (1) and Eq (2): 

CDGT =
M*Δg
D*A*t

Eq (1) 

M=
Ce (Vgel + Ve)

fe
Eq (2) 

where CDGT is the concentration of metal in the bulk solution measured 
by the DGT device, M is the mass of metal accumulated in the binding 
layer (ng), Δg is the thickness of the diffusive gel (0.078 cm) plus the 
thickness of the filter membrane used (0.014 cm), D is the diffusion 
coefficient of each metal (cm2 s− 1), A is the DGT cross-sectional expo
sure area (5.4 cm2), and t is the deployment time in s (exact time for each 
exposure period), Ce is the concentration of element in the eluent (μg 
L− 1), Vgel and Ve are the volumes (mL) of the gel and eluent, respec
tively, and fe is the elution factor. The diffusion coefficients (D) used for 
REE and Y were those reported by Yuan et al. (2018).

3.3. Sequential extractions

To study the metal bioavailability in collected sediments, long- 
established approaches such as sequential extraction schemes were 
also performed. The first extraction procedure to obtain the acid- 
extractable metal fraction was done using a 0.11 M acetic acid (CH3- 
COOH) solution. Following the method from Rosado et al. (2015), 1 g of 
sediment was put into contact with 40 mL of solution, with continuous 
shaking, during 16 h. Afterwards, the sample was centrifuged and the 
supernatant was filtered, acidified and preserved until analysis. The 
second extraction is a modification of the Tessier sequential extraction, 
where the metal exchangeable fraction was determined after contacting 
3 g of sediment with 24 mL of 1 M MgCl2 solution at pH 7 during 1 h. 
This fraction represents the metal pool weakly adsorbed to sediments. 
After centrifugation (15 min at 3000 rpm), samples were filtered, 
acidified and preserved until analysis. Thereafter, the solids washed 
with Milli-Q water to remove the residue of MgCl2 solution were put into 

contact with 24 mL of a 1 M sodium acetate (CH3-COONa) solution at pH 
5 for 5 h. Finally, samples were centrifuged, filtered, acidified and 
preserved until analysis to obtain the fraction representing the associ
ated to carbonates metal pool. For the total digestion, 100 mg of sedi
ments were put into contact with 4.5 mL of HNO3, 1 mL of HCl and 1 mL 
of HF, and heated progressively up to 200 ◦C in 20 min (5 min at 100 ◦C, 
5 min at 150 ◦C and 10 min at 200 ◦C) using a pressurized (40 bars) 
microwave Ultrawave (Milestone®). The solution was then transferred 
into Savillex vials and heated at 80 ◦C until total evaporation. The solid 
residue was recovered using 10 % HNO3 and diluted with ultrapure 
water for chemical determination.

3.4. Analytical determinations

Trace metal(loid) determination in DGT and sediments elution ex
tracts were performed by iCAP TQ ICP-MS (Thermo Scientific ®) at the 
AETE-ISO Platform (OSU OREME, Université de Montpellier, France). 
Trace concentrations in porewaters were determined without any prior 
dilution, using Kinetic Energy Discrimination - Argon Gas Dilution 
(KED-AGD mode). For all trace element determinations, an internal 
solution containing Be, Sc, Ge, Rh, and Ir was added on-line to the 
samples to correct signal drifts. Control reference materials for trace 
metals (CASS-6 and SLRS-6, PACS-3) were also analyzed to check the 
analytical accuracy (Table S1). Grain size distribution was analyzed 
with a particle counter model Mastersizer-2000 at the R + D Services of 
the University of Huelva using Na-hexametaphosphate as a dispersing 
agent. Samples were examined by Field Emission Scanning Electron 
Microscope (FESEM) JEOL JSM-IT500-HR) with an OXFORD X-Max 150 
X-ray detector (detecting from B to U). An acceleration potential of 15 
kV was applied and a sensor current at 50 % of the equipment capacity 
(PC50).

3.5. Data treatment

A Principal Component Analysis (PCA) was performed on data (i.e., 
sediments, DGTs, and chemical extractions) using XLSTAT Basic soft
ware to evaluate statistical relationships between multivariate datasets, 
with the aim of determining the REE and Y partitioning among different 
environmental compartments (i.e., sediments, DGTs, ion-exchangeable, 
acid-extractable and carbonate-associated sediment fractions). The sta
tistical relationship between variables in PCA is expressed through their 
covariance or correlation, in such a way that depending on how much 
each original variable contributes to a principal component and the 
correlation between variables we can identify relationships between 
them. Previously, a normality test (Shapiro-Wilk) was performed on 
samples. As most variables were non-normally distributed, the Spear
man’s correlation coefficient was used to determine significant re
lationships (α = 0.05) between data (Davis, 2002). The North American 
Shale Composite (NASC) values were applied to normalise REE con
centrations (Taylor and McLennan, 1985).

4. Results and discussion

4.1. Sediment characterization

Table 1 shows the chemical composition and grain size distribution 
of estuarine sediments studied, which are mainly characterized by 
exhibiting silty loam textures with average silt contents of 59.6 %, and 
lower contents in sands (35.6 %) and clays (4.8 %). However, the es
tuary outermost sampling point (OS5) exhibited a sandy loam texture 
with sand contents ranging from 40 to 68 % due to the higher influence 
of coastal dynamics. The sediments are characterized by their high metal 
content, with average Fe2O3 concentrations of 9.0 % (interquartile range 
(IR) of 8.5–9.3 %) and maximum of 18 % at the bottom (12–15 cm) of 
OS2 (Table 1). The average content of Al2O3 was 6.4 % (IR of 4.9–7.7 
%), with the maximum (15 %) observed in OS1 surface sediments (0–3 
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Table 1 
Chemical composition and grain size distribution of estuarine sediments studied. Clays (<2 μm), silts (2–50 μm) and sands (50–2000 μm).

Clay Silt Sand Al2O3 S2O3 K2O Na2O MgO CaO MnO2 Fe2O3 P2O5 TiO2 La Ce Pr Nd Sm Eu Gd Tb Dy Ho Er Tm Yb Lu
∑

REE Y

% mg kg-1

OS1
0–3 cm 4.1 63 33 15 2.6 2.2 4.9 1.9 0.86 0.08 15 0.61 0.79 24 49 6.1 26 6.9 1.5 6.4 0.93 6.1 1.1 3.2 0.44 3.0 0.43 135 26
3–6 cm 4.1 57 39 7.2 1.7 1.2 3.4 0.88 0.47 0.04 10 0.30 0.44 8.6 21 2.5 11 2.7 0.57 2.7 0.40 2.5 0.47 1.4 0.20 1.4 0.20 56 11
6–9 cm 4.8 65 30 6.3 3.4 1.3 4.0 0.85 0.43 0.04 9.8 0.44 0.53 4.1 10 1.7 7.8 2.2 0.49 2.6 0.41 2.6 0.50 1.5 0.21 1.4 0.21 36 8.7
9–12 cm 5.2 73 22 9.0 1.9 1.6 3.5 0.87 0.47 0.04 9.1 0.33 0.58 10 25 3.0 13 3.1 0.69 3.1 0.46 2.8 0.54 1.6 0.23 1.6 0.24 66 12
12–15 cm 5.6 72 23 7.3 1.8 1.8 2.7 0.74 0.39 0.04 9.7 0.32 0.70 8.2 18 2.3 9.3 2.1 0.47 2.1 0.31 2.0 0.38 1.2 0.17 1.2 0.19 48 8.2
OS2
0–3 cm 3.3 63 33 7.6 2.7 1.1 3.8 0.93 0.39 0.04 7.3 0.53 0.39 13 28 4.4 20 5.2 1.1 5.3 0.77 4.6 0.86 2.4 0.34 2.3 0.32 89 19
3–6 cm 3.8 60 36 5.3 1.8 1.1 2.8 0.60 0.23 0.10 8.7 0.51 0.51 3.2 8 1.2 5.7 1.6 0.38 1.9 0.30 2.0 0.39 1.2 0.18 1.2 0.18 27 7.1
6–9 cm 7.4 74 19 4.9 0.73 1.4 2.1 0.33 0.28 0.37 8.5 0.28 0.68 4.6 14 1.3 6.1 1.4 0.31 1.4 0.22 1.4 0.27 0.84 0.13 0.90 0.13 33 4.8
9–12 cm 4.5 55 40 6.4 0.84 1.4 2.3 0.62 0.35 0.21 11 1.5 0.64 8.5 19 2.6 11 2.7 0.60 2.6 0.39 2.3 0.45 1.4 0.19 1.3 0.20 53 10
12–15 cm 5.6 63 31 7.9 1.2 1.2 2.4 0.93 0.65 0.11 18 3.0 0.45 24 49 7.6 34 8.0 1.7 7.3 0.99 5.8 1.1 3.0 0.41 2.7 0.38 146 26
OS3
0–3 cm 2.6 46 52 8.8 3.0 1.9 2.9 1.6 1.3 0.06 8.0 0.51 0.75 22 46 5.9 25 5.5 1.2 5.2 0.72 4.3 0.83 2.5 0.33 2.3 0.34 122 22
3–6 cm 5.7 71 23 5.8 3.0 1.4 2.5 0.95 0.90 0.07 9.2 0.73 0.73 8.5 22 2.6 12 2.9 0.66 3.1 0.46 2.9 0.56 1.7 0.23 1.6 0.23 59 12
6–9 cm 7.6 78 15 8.0 2.9 1.8 2.1 1.4 0.97 0.06 9.4 0.81 0.68 15 28 4.2 18 4.1 0.91 4.2 0.61 3.8 0.73 2.2 0.30 2.1 0.30 85 18
9–12 cm 7.3 67 26 6.0 3.1 1.4 1.8 0.84 1.7 0.09 9.3 0.98 0.64 14 33 3.8 16 3.8 0.86 4.0 0.56 3.5 0.69 2.0 0.28 1.9 0.27 85 18
12–15 cm 5.9 61 33 6.2 5.7 1.6 1.8 0.92 1.4 0.09 8.9 0.76 0.67 14 30 3.6 16 3.5 0.81 3.7 0.52 3.3 0.66 2.0 0.28 1.9 0.27 81 17
OS4
0–3 cm 4.5 66 30 10.0 2.2 1.7 4.3 1.7 2.0 0.07 9.5 0.79 0.66 17 40 4.5 19 4.5 1.0 4.5 0.66 4.1 0.79 2.4 0.33 2.3 0.32 101 19
3–6 cm 5.4 73 21 7.0 2.2 1.6 3.5 1.3 1.1 0.08 10 0.71 0.71 12 29 3.3 14 3.4 0.75 3.4 0.48 3.0 0.59 1.8 0.25 1.7 0.24 74 13
6–9 cm 7.6 80 12 3.9 2.0 1.5 2.7 0.83 0.68 0.07 10 0.72 0.71 6.5 13 2.0 8.7 2.1 0.47 2.2 0.32 2.0 0.39 1.2 0.16 1.1 0.16 40 8.8
9–12 cm 3.4 48 49 7.7 2.0 1.7 2.6 1.2 0.76 0.07 10 0.82 0.71 11 26 3.1 13 2.9 0.64 2.9 0.42 2.7 0.52 1.6 0.22 1.6 0.22 66 12
12–15 cm 4.5 56 40 6.8 2.4 1.6 2.7 1.2 0.78 0.07 11 0.82 0.71 10 22 2.6 11 2.5 0.56 2.6 0.37 2.3 0.48 1.4 0.20 1.4 0.21 57 11
OS5
0–3 cm 2.9 37 60 3.6 0.21 1.1 1.2 0.47 2.0 0.04 2.4 0.19 0.37 8.1 17 2.0 8.3 1.7 0.43 1.7 0.23 1.4 0.26 0.76 0.10 0.71 0.10 43 7.4
3–6 cm 3.5 42 55 2.9 0.04 1.0 0.82 0.31 1.5 0.02 1.7 0.12 0.26 9.2 21 2.2 9.1 1.9 0.39 1.7 0.22 1.3 0.23 0.64 0.08 0.57 0.08 48 6.6
6–9 cm 4.7 55 40 2.4 0.07 0.89 0.69 0.25 1.2 0.02 1.4 0.08 0.21 4.8 10 1.2 4.9 1.1 0.29 1.1 0.14 0.8 0.16 0.45 0.06 0.41 0.06 25 4.5
9–12 cm 3.1 35 61 2.8 0.36 1.0 0.92 0.35 1.4 0.03 2.4 0.11 0.32 6.5 16 1.8 7.3 1.7 0.40 1.7 0.22 1.3 0.25 0.75 0.10 0.69 0.10 39 7.1
12–15 cm 2.6 30 68 2.5 0.25 0.80 0.79 0.30 1.7 0.02 1.5 0.07 0.14 6.3 14 1.6 6.8 1.4 0.33 1.3 0.16 0.9 0.17 0.51 0.07 0.46 0.07 34 5.2
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cm). Regarding S2O3, the average content in sediment was of 1.9 %, with 
maximum value of 5.7 % at the bottom of OS3 (12–15 cm), while the 
average content of P2O5 was of 0.64 %, reaching the maximum con
centrations in the deepest layers of OS2 (up to 3 %; Table 1). Concerning 
REE and Y, their average content in sediments was of 66 and 13 mg kg− 1, 
respectively. Unlike major components, where slight differences were 
observed (Table 1), REE and Y concentrations exhibited a great vari
ability, with IR of 40–85 mg kg− 1 and 7.4–18 mg kg− 1, respectively. This 
may be related to the depositional variability of REY-carrier minerals in 
the different sediment layers. A general REE and Y enrichment in surface 
sediments (0–3 cm) is observed, with concentrations above 100 mg 
kg− 1and 19 mg kg− 1, respectively, in OS1, OS3 and OS4. The only 
exception was recorded in OS2, where the highest concentrations of REE 
and Y were observed in depth (12–15 cm; 146 and 26 mg kg− 1 of REE 
and Y, respectively), coinciding with the highest contents in P2O5. 
Among REE, the maximum contents were observed for Ce, La, and Nd, 
which accounted for 61–81 % of total REE. The examination of samples 
by FESEM (Fig. S2) indicates a mineralogical composition with pre
dominance of quartz and phyllosilicates coated by Fe sulfides and oxides 
(Fig. SM1, OS2 (0–3)), the latter especially found in the shallower layers. 
The sulfides observed exhibit a different morphology with, on one hand 
framboids related to sulfate-reduction processes in the sediments, and, 
in the other hand angular grains of detrital origin. The presence of 
phosphates (i.e., monazite (La,Ce(PO4)), apatite (Ca5(PO4)3) and viv
ianite (Fe3(PO4)2⋅8H2O)), barite (BaSO4) and halite (NaCl) was also 
identified in some samples, especially in OS2 in the case of phosphates 
(Fig. S2, OS2 (6–9)).

The PCA performed to determine the geochemical factors controlling 
the distribution of REE and Y in the estuarine sediments showed a high 
correlation with Al and Mg (Fig. 1A), and lower with Fe, P, S and Mn, 
suggesting that REY could be associated to Mg-rich aluminosilicates. 
However, the composition of estuarine sediments is strongly affected by 
the nature of elements load transported by rivers. In the case of the Odiel 
River, deeply affected by AMD, the REY behave conservatively until 
reaching circumneutral pH values, when REY are scavenged by 

basaluminite (Al4(OH)10SO4) precipitation (Lozano et al., 2020b). 
However, not only the Al-precipitation by acidic water neutralization 
but also the transport and sedimentation of this element, abundantly 
found in the particulate matter and sediments of the Odiel River 
(Pérez-López et al., 2023; Sánchez-España et al., 2005) would explain 
the high concentrations of REY observed in the fluvial-dominated sedi
ments. The proximity of Fe, S, and P to REY (Fig. 1A) would also suggest 
their association to Fe oxyhydroxisulfates and phosphates. For instance, 
the occurrence of phosphates such as monazite has been identified by 
FESEM in some sediment layers (Fig. S2), especially at the bottom of 
OS2. In the case of Fe oxyhydroxisulfates, REY can also be effectively 
sorbed onto schwertmannite (Fe8O8(OH)6(SO4) at pH values from 4.5 to 
6.5 (Lozano et al., 2020a), commonly reached in the upper part of the 
estuary, when acidic waters mix with seawater (Pérez-López et al., 
2023). This neo-formed mineral is also abundantly transported by the 
Odiel River, especially during flood events (Cánovas et al., 2012; 
Sánchez-España et al., 2005). As a result of these neutralizing 
geochemical processes and particulate matter transport, the studied 
sediments are enriched in Al- and REY as well as Fe.

REE are considered emerging aquatic trace pollutants and studies 
have revealed significant variability in REE concentration across estu
aries, with diverse average total concentrations worldwide, for example 
195 μg g− 1 from 191 sediment samples at the Yellow River estuary (Song 
et al., 2025), average content of 178 μg g− 1 in tidal flat sediments from 
Qidong Cape, Yangtze River estuary (Zhang et al., 2024), REEs and Y 
concentration from 5.94 to 337 mg kg− 1 from 12 estuaries along the 
Atlantic Coast of Brasil (Novais et al., 2024), and from 17 to 522 mg kg− 1 

along the Egyptian Mediterranean coastal areas (Badawy et al., 2022). 
REE have been used as tracers of geochemical and anthropogenic pro
cesses across diverse environments. However, most recent studies 
evaluating REE in estuarine/coastal environments have been based in 
determination of concentrations, distribution pattern and main sources 
in correlation with particle size distribution, Fe, Mn, and Al concentra
tion as well as organic carbon (OC) (Badawy et al., 2022; Novais et al., 
2024; Song et al., 2025; Zhang et al., 2024). Since there is still little 

Fig. 1. A) Principal Component Analysis (PCA) of results obtained in bulk sediment composition, B) REE and Y concentration (yellow and brown bars, respectively) 
in sediment porewater and in diffusive gradient in thin film (DGT) in the sampling points (concentrations in porewater were below the analytical detection limit for 
most samples). (For interpretation of the references to color in this figure legend, the reader is referred to the Web version of this article.)
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information on the presence of REE in coastal systems, such insights are 
key for evaluating the risks of REE build up and to shape future man
agement and remediation efforts in these ecological relevant systems.

4.2. Metal distribution in porewater and DGTs

Sediments porewater are characterized by high Fe concentration, 
with the highest value observed in OS1 (from 2269 to 5826 mg kg− 1), 
followed by OS3 and OS4 (from 56 to 506 mg L− 1 at OS3, and from 35 to 
180 mg L− 1; Fig. S3). The lowest Fe concentrations were observed in 
OS2 (from 0.1 to 181 mg kg− 1). These high Fe concentrations in pore
water may be related to Fe(III)-reduction processes under sediment 
reducing conditions. Thus, the Fe oxides and oxyhydroxysulfates 
transported by the river or precipitated by seawater neutralization are 
settled and buried in the sediment, where are microbiologically dis
solved upon reducing conditions. The dissolved ferrous (Fe2+) and sul
fide (S2− ) leads to the formation of Fe monosulfides and pyrite, which is 
the final sink of both elements in the reducing sediment subsurface 
(Kraal et al., 2013), as observed by FESEM images (e.g., OS3 (9–12 cm); 
Fig. S2). A similar tendency was observed for Mn, with the highest 
values for OS1 (338–471 mg L− 1) and the lowest reached for OS2 (from 
25 to 28 mg L− 1), except in the top layer, where the Mn concentration 
(423 mg L− 1) was higher than those recorded in the OS3 and OS4 pro
files (Fig. S3). Regarding REE and Y, their concentrations in porewater 
were close to or below the detection limit of the equipment in most 
samples, except in OS2, where ranged from 0.71 to 3.5 μg L− 1 and 
0.12–0.65 μg L− 1, respectively (Fig. 1B), with maximum values found at 
9 cm depth (Fig. 1B and S3).

Unlike in porewaters, where concentrations were not detected in 
most samples, REE and Y were quantified in DGTs (Fig. 1B), highlighting 

the suitability of these devices to monitor trace pollutants at low con
centrations in estuarine sediments. REE concentrations in DGT ranged 
from 0.75 to 4.9 μg L− 1, lower than those reported by Gu et al. (2020) in 
laboratory experiment, where there were found DGT-labile REE con
centrations ranging from 7.0 to 16 μg L− 1 in intertidal surface sediments 
of the Pearl River estuary. The sediments from the Daya Bay, a shallow 
semi-enclosed, mountain-drowned valley bay in the north of the South 
China Sea, also reported REE concentration ranging from 5.67 to 8.41 
μg L− 1, still slightly higher than those observed in this study (Gu et al., 
2022). Similarly, sediments from the Songhua River system (the 
third-largest river in China) have been reported to have REE concen
tration between 2.07 and 8.76 μg L− 1 (Lu et al., 2022). A spatial trend in 
REE and Y absorption by DGT was observed, with higher concentration 
observed in the sites with greater fluvial influence (Fig. 1B), and 
decreasing values towards the outer part of the estuary due to lower 
dissolved concentration in the marine domain. Further, increasing 
values were observed with depth, with maximum REE concentrations 
recorded at the bottom sediments (e.g., 4.9 μg L− 1at OS1, 4.0 μg L− 1 at 
OS2, or 3.4 μg L− 1 at OS3). Although the highest values were recorded in 
the deeper layers of OS1 (3.4–4.9 μg L− 1 of REE and 1.0–1.4 μg L− 1 of Y, 
below 9 cm: Fig. 1B), the average values ranged from 2.9 μg L− 1 of REE 
and 0.77 μg L− 1 of Y at OS2 to 1.5 μg L− 1 of REE and 0.41 μg L− 1 of Y at 
OS5.

The PCA performed on DGT results (Fig. 2) indicates the proximity of 
REE and Y to Al, located on the positive side of the first component (42 % 
of variance), which seems to confirm the suggested association of REY 
with Al. On the other hand, Fe and Mn appeared close each other on the 
negative side of this component. Samples from OS2, which exhibited the 
highest average of REE and Y, are located closer among them and 
separated from the rest of samples. The increase in concentrations with 

Fig. 2. Principal Component Analysis (PCA) performed on DGT, acid-extractable, carbonate and exchangeable fraction results.
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depth is also reflected in the PCA, with the deeper samples (9–12 and 
12–15 cm) located nearby this group of elements. This is especially 
evident in OS1, whose samples are aligned from the negative to the 
positive side of the first component, getting closer to REE, Y and Al 
(Fig. 2). This increasing REY concentration with sediment depth might 
be explained by sulfate reductive biodissolution processes under suboxic 
conditions (Kerl et al., 2023), which may have led to increasing Fe2+ and 
labile species of REY being diffused by the chelex resin.

4.3. Lability of REE and Y: comparison with sequential extraction 
schemes

With some variations, first fractions from the conventional sequen
tial extraction approach represent the more mobile elements, which 
include acid soluble-extractable and exchangeable – carbonate included. 
Therefore, to know the labile fraction of REY, different extractions 
commonly applied in sequential extraction schemes were performed (i. 
e. acid-extractable, ion-exchangeable, and associated to carbonate 
fractions). In the case of the ion-exchangeable fraction, an electrolyte 
(MgCl2) at pH 7 is used to avoid oxide and carbonate solubilization and 
to prevent oxyhydroxide precipitation (Ianni and Ruggieri, 2002). The 
carbonate fraction is commonly obtained by the addition of a buffer 
acetic acid-sodium acetate (pH 5), while the acid-extractable phase is 
determined after the addition of an acid acetic solution. In the case of the 
carbonate-fraction, some authors report that the extractant does not 
dissolve all the carbonates, neither attack carbonate selectively, but 
dissolve labile metals bound to organic matter (Rauret, 1998). Fig. 3 and 
S4 shows the extraction of REE and Y, correspondingly, in sediments 
using the different leaching solutions. A minor fraction of total REE and 
Y (maximum values of 1.1 % and 1.7 %, respectively) was contained in 
the ion-exchangeable fraction. The extraction was noticeably higher in 
the fluvial domains of the estuary (i.e., OS1 and OS2; average values of 
0.14–0.49 % and 0.34–0.72 % for REE and Y, respectively) than in the 
seawater domain (OS3, OS4, OS5; below 0.07 and 0.17 %). The PCA 
obtained for the ion-exchangeable fraction evidences this tendency 
(Fig. 2), with samples from OS1 and OS2 near to REE and Y. In the case 
of the carbonate-associated and acid-extractable fractions, a high vari
ability was observed, with values ranging from 3.7 to 74 % for REE and 
6.4–94 % for Y in the acid-extractable fraction and from 1.0 to 71 % for 
REE and 2.0–95 % for Y in the carbonate-associated fraction. Higher 
acid-extractable values were observed in the fluvial domain (average 
values of 22–31 % of REE) than in the seawater domain (17–18 %), 

similar to the ion-exchangeable fraction. However, in the case of the 
carbonate-associated fraction, the inverse tendency is observed despite 
recording the highest value in OS1 (6–9 cm) for both REE and Y, with 
higher extraction values recorded in the outer part of the estuary 
(average of 27–32 %). This different trend may be related to the sedi
ment mineralogy and the capacity of leaching solutions to dissolve the 
minerals hosting REE and Y, that is carbonates in the outermost estuary 
zone. As can be seen in the PCA (Fig. 2), REE and Y appears to be 
preferentially associated to Al and S in the acid extractable fraction, 
while in the carbonate-associated fraction these elements seem to be 
related to Fe, Ca and P. Therefore, the abundance of these minerals along 
the sediment profile would control the release of these elements during 
the sequential extractions performed.

The concentration of REE and Y accumulated in DGTs were 
compared to those contained in the other fractions (i.e., porewater, acid- 
extractable, carbonate-associated, and ion-exchangeable) (Fig. 4). No 
relationship between the REE concentration in DGT and pore waters was 
found, neither with any labile fraction (only represented with respect to 
acid-extractable in Fig. 4). The only relevant correlation (R2 = 0.77) was 
observed for REE concentration between the acid-extractable and car
bonate fractions. Both solutions (i.e., 0.11 M acetic acid and buffered- 
sodium acetate) appears to have a similar extraction capacity, but dis
solving different minerals according to the performed PCA (i.e., Al 
oxyhydroxysulfates in the case of the acetic acid, and Fe-Ca phosphate in 
the case of the buffered-sodium acetate solution). A similar trend is 
observed for Y, with no apparent relationship between its concentration 
in DGT and those in pore waters and extractions (Fig. S5). It worth 
noting that in the case of pore waters, there are only available data from 
OS2, which preclude drawing any robust conclusion.

4.4. A recent study using the sequential extraction approach to 
evaluate the potential mobility of trace metallic elements from sediment 
of the Ria of Huelva estimates between 13 and 18 % release of the total 
element concentrated in the sediments, with a similar distribution 
among different pH (Lecomte et al., 2025). Even though some elements 
such as Co, Cu, or As have shown relatively high release in the fraction 1 
(water soluble), REE have shown release below 30 % for sediments at 
the pH > 5. These are in line with our results, as it was observed low 
concentration of REE in the porewater as well as in the ion exchangeable 
fraction, which represent the weakly adsorbed fractions. It implies that 
REE elements in these sediments are mainly linked to the carbonate and 
poorly ordered Fe3+-hydroxides and oxyhydroxysulfates. According 
with these results, DGT passive samplers would be able to incorporate 
REY from the less mobile fraction, i.e, acid extractable and 
carbonate-bound fraction as well as from the reducible and oxidisable 
fractions. REE fractionation processes in estuarine sediments.

Fig. 5 shows the NASC-normalized patterns of sediments, pore wa
ters, DGTs, and extractions performed to sediment samples. Sediments 
are characterized by a MREE enrichment (HREE > LREE), with a slightly 
depletion of LREE with respect to MREE and HREE. Previous studies 
have reported the existence of REE fractionation processes in estuarine 
systems (Lawrence and Kamber, 2006). Thus, during estuarine mixing of 
river waters rich in inorganic and organic colloids with seawater, LREE 
may be preferentially partitioned onto these colloids while HREE remain 
dissolved due to stronger complexation to ligands. However, the acidic 
nature of the Odiel river waters in this estuary alters this partitioning 
pattern (Cánovas et al., 2020b), showing the opposite tendency, with a 
LREE depletion in sediments, which has been previously reported 
(Lecomte et al., 2017; López-González et al., 2012). This is attributed to 
the preferential removal of MREE and HREE from the aqueous phase and 
their accumulation in sediments during the neutralization of acidity 
transported by the rivers. Once this neutralization is complete, the 
sediments in the seawater domain possess a HREE depleted pattern with 
slight Ce anomaly, which is common in marine conditions (Lawrence 
and Kamber, 2006). As can be seen in Fig. 5, the sediments located 
within the mixing zone (OS1-OS4) exhibited a LREE depleted 
NASC-pattern while that more influenced by seawater (OS5) displays a 

Fig. 3. Rare Earth Elements (REE) extraction in the geochemical fractions, i.e., 
acid (red bars), carbonate (blue bars), and exchangeable (green bars). The color 
shading area indicates the different sampling sites (OS1 to OS5). (For inter
pretation of the references to color in this figure legend, the reader is referred to 
the Web version of this article.)
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pattern typical of marine sediments, with a HREE depleted pattern. This 
is confirmed by the NASC-normalized pattern observed in porewater 
results, with an enrichment in LREE with respect to MREE and HREE 
(LREE > MREE > HREE; Fig. 5), although in this case REE were only 
detected in OS2.

The NASC-normalized patterns of sediments may reflect the chemi
cal composition of particulate matter transported by the river especially 
that precipitated during acidic waters neutralization in the mixing zone 
(Lecomte et al., 2017; Lecomte et al., 2025). These authors reported a 
preferential accumulation in the residual fraction, with values ranging 
from 60 to 80 % of total REE, with lower values for the easily soluble, 
exchangeable, and associated to poorly ordered Fe mineral fractions. As 
can be seen, the associated to carbonate and acid-extractable fractions 
seems to have inherited the REE NASC-normalized pattern of the sedi
ment, characterized by a strong enrichment in MREE (Fig. 5). However, 
some differences in patterns can be noted. On the one hand, the 
acid-extractable fraction exhibited to some extent higher enrichment in 
LREE over HREE while the opposite is observed in the fraction associ
ated to carbonates (HREE > LREE). The acid-extractable fraction may 
include those minerals easily soluble under mild acidic conditions. The 
relationship observed between REE, Al and S (and to a lesser extent with 
Fe) in the PCA (Fig. 2) seems to indicate that the main contributor 
minerals in this fraction are Al hydroxysulfates. In turn, in the case of the 
carbonate associated fraction, the occurrence of REE seems to be related 
to Fe and Ca phosphates and carbonates. The selectivity of reagents used 
for both fractions (acid-extractable and associated to carbonate) is not 
clear, and sometimes are used indistinctly for the same purpose (Rauret, 
1998). This is supported by the correlation (R2 = 0.74–0.77; Fig. 5 and 
SM4) observed between REE and Y concentrations in both extractions. 
In the case of the ion-exchangeable fraction, a nearly flat REE-NASC 
pattern is observed (Fig. 5). Lecomte et al. (2017) attributed the pres
ence of REE in the ion-exchangeable fraction to desorption processes 
from poorly-ordered Fe minerals, discarding the clays and organic 

matter as carrier phases since adsorption at low pH values is not sig
nificant. This is consistent with PCA results, where REE and Y are 
located together but far away from other elements (Fe was below 
detection limit in this fraction). Regarding the NASC-normalized pattern 
of DGTs, a MREE-enrichment is observed (Fig. 5) with respect to LREE 
and HREE. The DGTs quantify the labile species during the deployment, 
which depends on the concentration at the interface between the device 
surface and the sediment, being usually similar to the concentration in 
pore-waters. Therefore, a similar REE NASC-normalized pattern to that 
of porewater would be expected. Conversely, the patterns observed in 
DGTs seems to be more influenced by those observed in sediments (and 
the sequential acid- and carbonate extractions), which suggest the 
passing of colloids contained in the sediments through the membranes of 
the DGTs. In this sense, the closeness of REY to Al in the PCA for DGTs 
(Fig. 2) suggests the absorption of Al colloids by DGTs. This fact would 
have notable implications for the validation of these devices for moni
toring REE and Y exposure in estuarine sediments. Unlike the general 
belief of the similarities of DGT metal concentrations with porewater 
concentrations; these devices can also absorb and concentrate nano
particles and colloids of size lower than 0.45 μm.

Fractionation studies have shown that at coastal areas a right- 
dipping negative slope pattern, with relatively frequent enrichment in 
the LREE (La, Ce, Pr, and Nd)) over HREE (Er, Tm, Yb, and Lu) is often 
observed, explained by the preferential scavenging of LREE by colloids, 
and adsorption and/or incorporation in clay minerals formed during 
chemical weathering, whereas HREE depletion is related to their 
complexation with soluble carbonate fractions and dissolved organic 
and inorganic ligands (de Freitas et al., 2021; Novais et al., 2024). In 
addition, normalized patterns indicate natural processes predominantly 
controlling REE distributions in estuarine environments over anthro
pogenic sources (e.g., Novais et al., 2024; Song et al., 2025) as geological 
signatures strongly influencing REE concentrations and fractionation. 
Moreover, the fresh- and salt-water interface in estuaries may impact 

Fig. 4. Relationship between REE concentrations in porewater and labile fractions (i.e., DGT, carbonate, ion-exchangeable and acid-extractable).
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metal speciation, leading to changes in bioavailability and bio
accumulation in aquatic organism, for example in clams (Desjardins 
et al., 2025). However, the association between DGTs concentrations 
and exposed organisms bioaccumulation is not such evident yet (Feng 
et al., 2022; Gu et al., 2020; Gu et al., 2023; Xu et al., 2024), which in the 
case of REY might be explained because these elements are not 
commonly associated with the most mobile fraction in estuarine sedi
ments. However, such correlation between DGT concentration and 
available fractions has been proved for other potentially toxic elements 
as Cu, Zn or Cd (Feng et al., 2022; Galgani et al., 2025).

4.4. Environmental implications

Although the use of DGTs is still emerging, they represent a prom
ising method for determining the presence and concentration of REEs in 
areas where sampling is challenging. For instance, DGTs could be 
applied in preliminary investigations of deep-sea Fe–Mn polymetallic 
nodules (Hikov et al., 2025), where REE occurrence and the potential for 
exploiting these deposits as critical raw material resources have been 
extensively studied. Our results show no correlation between dissolved 
pore water concentrations and DGT-labile fractions. DGTs selectively 
accumulate truly dissolved species (free ions and weak complexes), 
providing more accurate exposure estimates. Their in situ, 
time-integrated nature and sensitivity make them effective for assessing 
trace metal risks. The comparison of DGT concentrations with those 
obtained applying leaching solutions commonly used to determine 
labile fractions in sediments (i.e., exchangeable, acid-soluble, carbo
nate-associated) provided different results, suggesting the application of 
sequential extractions may be not appropriate to assess toxicity in 
estuarine and coastal sediments. For all these reasons, REE distribution 

in estuarine sediments as well as their exposure to benthic organisms 
should be monitored by DGTs deployment as part as programs assessing 
their environmental quality status. Originally developed for metals like 
Pb, Cd, Cu, Zn, Ni, and Co, DGTs also show promise for REY monitoring, 
though further validation is needed. We support calls for standardized 
guidelines (e.g., Amouroux et al., 2023; Miège et al., 2015) to integrate 
DGTs into EU regulatory frameworks such as the Water Framework 
Directive and the Marine Strategy Framework Directive.

5. Conclusions

The distribution and availability of REE and Y in estuarine sediments 
strongly affected by mining was studied in solids, pore waters, and labile 
fractions performed using passive samplers and different sequential 
extraction to recover labile metals. The studied sediments are charac
terized by their high metal concentrations, with average concentrations 
of 9.0 % of Fe2O3, 6.4 % of Al2O3, 1.9 % of S2O3, and 66 and 13 mg kg− 1 

of REE and Y, respectively. REE sources may include Al oxyhydrosulfates 
(e.g., basaluminite), Fe and REE phosphates, and associations with Fe 
oxyhydroxysulfates and aluminosilicates. While REE and Y concentra
tions in porewaters were often below detection limits, DGTs effectively 
retained them, confirming their utility for monitoring trace pollutants. A 
spatial trend in REE and Y uptake by DGTs was observed, with higher 
values at depth and in river-influenced sites.

Ion-exchangeable REE and Y concentrations were low, with higher 
values in fluvial than marine domains. The carbonate-associated and 
acid-extractable fractions showed variability, with REE values ranging 
from 3.7 to 74 % and 1.0–71 %, and Y from 6.4 to 94 % and 2.0–95 %, 
respectively. PCA indicated REY was linked to Al and S in acid- 
extractable fractions, and to Fe, Ca, and P in carbonate-associated 

Fig. 5. NASC normalized patterns of REE in sediments, porewaters, DGT and geochemical fractions.
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ones. No significant correlations were found between DGT concentra
tions and those from porewaters or other labile fractions.

NASC-normalized patterns allowed tracing the origin of REY 
retained in DGTs. A MREE-enrichment is observed in DGTs with respect 
LREE and HREE, which does not coincide with that of porewater (LREE 
enriched). On the contrary, the patterns observed in DGTs seems to be 
more influenced by those observed in sediments, which suggest the 
passing of colloids contained in the sediments through the membranes of 
the DGTs. This information would have important implications for the 
validation of these devices for monitoring REE and Y in estuarine sedi
ments. Unlike the general belief of the similarities of DGT metal con
centrations with porewater concentrations, these devices seem to absorb 
nanoparticles and colloids of size lower than 0.45 μm. Another possi
bility is that DGTs would concentrate these elements up to a measurable 
concentration, unlike in porewater where the concentration is below the 
detection limit. Therefore, further research is needed to confirm this 
possibility.

CRediT authorship contribution statement

María Dolores Basallote: Writing – original draft, Methodology, 
Investigation, Funding acquisition, Formal analysis, Data curation, 
Conceptualization. Aarón Méndez: Writing – review & editing, Meth
odology, Investigation, Data curation, Conceptualization. Rafael León: 
Writing – review & editing, Visualization, Validation, Formal analysis. 
Manuel Olías: Writing – review & editing, Methodology, Investigation. 
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