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Abstract 12 

This study deals with the metal partitioning and bioavailability of metal/loids in the 13 

estuary Ria of Huelva (SW Spain) which is strongly affected by historical mining and 14 

industrial activities. To address this issue, traditional (i.e., grab samples) and passive 15 

sampling (i.e., diffusive gradient in thin films, DGTs) was carried out in the outer part of 16 

the estuary during different tidal cycles in order to determine the dissolved and particulate 17 

metal/loid concentrations. The dissolved concentrations exceeded, by several orders of 18 

magnitude, those reported in other estuaries worldwide that are affected by anthropogenic 19 

activities. A spatial pattern was observed in the metal distribution; a decrease seaward 20 

was recorded for some of the elements associated with mining (e.g., Cu, Zn, and Cd), the 21 

opposite tendency is observed for others associated with harbor emissions (e.g., Sn, Ni, 22 

or Pb). A different metal/loid partitioning pattern was also observed; Fe, and to a lesser 23 

extent Pb and Sn, were chiefly found in the particulate matter, while the rest of the 24 

elements were mainly found in the dissolved form. The bioavailability of the metal/loids 25 
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was studied by speciation using both geochemical modeling and DGTs; while 26 

concentrations in DGTs supported metal/loid speciation for Zn, Cd, Mn, Co, As, and Sb 27 

according to their affinity to form strong or weak complexes, some discrepancies were 28 

observed for other elements such as Cu, V, Fe, and Pb, which are prone to forming strong 29 

complexes. The main reason behind the unexpectedly high Fe and Pb DGTs 30 

concentrations may be associated with their presence in the colloidal particles passing 31 

through the DGT. There was a strong positive correlation between dissolved and DGT 32 

concentrations for Cd and Mn, and to a lesser extent for Fe and Cu, highlighting the direct 33 

relationship between the concentrations in water and availability to living organisms in 34 

the estuary.  35 
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1. Introduction 40 

Estuaries are semi-enclosed coastal bodies of water freely connected to the open sea, 41 

where the seawater is measurably diluted with freshwater from land drainage (Dyer, 42 

1997). Estuaries are also the key interface between catchments and seawater as the rivers 43 

collect and transport accumulated inputs, both natural and anthropogenic, from the whole 44 

catchment (Hartnett et al., 2011). Due to the increasing impact of anthropogenic activities, 45 

estuaries are considered to be very threatened areas. For example, estuaries have been 46 

traditionally used for the disposal of wastes worldwide (Spencer et al., 2006), which have 47 

contributed notably to their deterioration. The influence of freshwater inputs, increasing 48 

urbanization in estuarine areas, and the related discharges of domestic effluents aggravate 49 

the impact of such anthropogenic activities. Consequently, metal pollution is a global 50 
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environmental quandary in estuaries as metals are increasingly present in aquatic systems 51 

due to the legacy of historical pollution with cumulative effects of anthropogenic metal 52 

emissions (Machado et al., 2016). 53 

These increasing metal emissions may pose a great risk for living organisms in estuaries; 54 

owing to the high biological productivity in these systems, fisheries flourish in estuaries, 55 

acting as a nursery, feeding source, and safehouse for numerous species at different stages 56 

of their life cycles (Dantas et al., 2013). For this reason, international policies are required 57 

to protect these environmental areas from potential anthropogenic activities. The Water 58 

Framework Directive (WFD) (EU Commission, 2000) established a framework for the 59 

protection of all surface (rivers, lakes, transitional and coastal waters) and groundwater 60 

at European Union (EU) level and aimed to achieve a good ecological and chemical status 61 

by 2015. According to the WFD the deterioration of estuaries should be prevented, and 62 

their aquatic ecosystem status protected and enhanced. To address this issue, the WFD 63 

requires, among other measures, the execution of monitoring programs to evaluate the 64 

chemical status of estuarine waters. However, these programs commonly only consider 65 

the dissolved fraction of priority substances despite the recommendation of some works 66 

about including the need to measure bioavailable forms rather than total or filterable 67 

concentrations in the water quality guidelines (e.g., Sherwood et al., 2009; Montero et al., 68 

2012; Montero et al., 2013). This recommendation is based on the fact that metal toxicity 69 

and mobility depend not only on the concentration but also on its speciation (Allen, 1993; 70 

Guéguen et al., 2011). Therefore, the determination of the labile species of trace metals, 71 

in addition to their dissolved and particulate metal concentrations, is of great importance 72 

to improve our understanding of the chemical processes that govern their fate, mobility, 73 

and impact on aquatic environments, especially in estuaries (Mangal et al., 2016). 74 
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Another shortcoming of the traditional spot samplings performed during monitoring 75 

programs is the lack of sample representativeness because spot sampling only provides a 76 

picture of the conditions at the sampling time (Allan et al., 2007). This is especially 77 

relevant in estuaries, which are dynamic and complex systems where their 78 

physicochemical characteristics can deeply fluctuate with both tidal and river 79 

contributions (Hamilton et al., 2006). This issue has been addressed in other aquatic 80 

environments with the installation of autosamplers, which can perform high-resolution 81 

samplings to capture sudden hydrochemical changes (e.g., Cánovas et al., 2010; Chapin, 82 

2015). Previous works have studied the use of passive samplers, like diffusive gradient 83 

in thin films (DGT), to overcome these limitations (e.g., Dunn et al., 2003, 2007; Montero 84 

et al., 2012; 2013; Mangal et al., 2016). The use of DGT offers a reliable and sensitive 85 

measurement of DGT-labile metal species, such as the free ionic metal, inorganic 86 

complexes, and a fraction of organic complexes (Tusseau-Vuillemin et al., 2004; 87 

Guéguen et al., 2011). Conceptually, the DGT provides a time-integrated quantification 88 

of labile species in the water that flow through the device during the deployment 89 

(Unsworth et al., 2006), thus obtaining the accumulation of the most labile fraction of 90 

metals over the whole exposure time, instead of an unrepresentative single measurement 91 

(Schintu et al., 2008). However, these devices should be tested in different environments 92 

and conditions, especially in aquatic environments strongly affected by metal pollution. 93 

An outstanding example of the legacy of metal pollution is the Huelva estuary (SW 94 

Spain), which has been intensively affected by mining activities since ancient times and 95 

has suffered from pollutant pressure by industry since 1966. Therefore, the main goals of 96 

this work are: i) to study the metal partitioning and speciation along a mining-impacted 97 

estuary; ii) to determine the metal bioavailability using DGT; and iii) to evaluate the 98 

reliability of DGT devices to detect hydrochemical changes associated with tides. 99 
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 100 

2. Site description 101 

The Huelva estuary, also known as the Ria of Huelva (Fig. 1), is formed by the common 102 

mouth of the Odiel and Tinto rivers (SW Spain). Both rivers are deeply polluted by 103 

mining activities that have been developed in their drainage basin since ancient times 104 

(e.g., Cánovas et al., 2007). This fact makes the Huelva estuary a unique case in the world, 105 

as the Tinto and Odiel rivers carry great loads of acidity (pH around 2.5 and 3.5, 106 

respectively) and dissolved metals to the estuary: 7900 t yr−1 of Fe, 5800 t yr−1 of Al, 107 

3500 t yr−1 of Zn, 1700 t yr−1 of Cu, as well as smaller quantities of other metals and 108 

metalloids (Nieto et al., 2007). As a consequence of changes in pH and salinity, some of 109 

these metals and metalloids tend to sink into the estuarine sediments, however, the most 110 

mobile metals cross the estuary giving rise to a metal-rich plume in the coastal waters of 111 

the Gulf of Cádiz (e.g., Van Geen et al., 1991; Elbaz-Poulichet et al., 2001). The 112 

hydrochemical properties of the Huelva estuary are strongly controlled by the mixing 113 

processes between the volume of acidic river waters and seawater, thus, a progressive 114 

increase in pH values and a decrease in the metal concentration is observed along the 115 

estuary (e.g., Elbaz-Poulichet et al., 2001). In addition, an increase in the suspended 116 

matter is observed, which is physically deposited and redistributed along the estuary by 117 

tides coinciding with low energy events (Carro et al., 2018). According to these mixing 118 

processes, three different zones can be observed (Carro et al., 2018): i) zone 1, where pH 119 

values range between 2.4 and 4.5, the chlorinity is below 3 g L−1, and a large proportion 120 

of metals contained in acidic river waters are transferred to the particulate matter (mainly 121 

as Fe minerals); ii) zone 2, characterized by pH and chlorinity values ranging from 4.5 to 122 

7.5, and 3 to 15 g L−1, where the metal removal (as Al minerals) is also intense; and iii) 123 

zone 3, characterized by slightly basic pH values (7.5–8.2), where the salt-induced mixing 124 
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process that is typical of estuarine systems occurs and the occurrence of dissolved 125 

metal/loids is limited to only those following a quasi-conservative behavior (e.g., Zn and 126 

Cd) and others suffering re-dissolution and/or desorption from the particulate phase (e.g., 127 

U, Cu and As). These three zones move along the estuary over the hydrological year due 128 

to changes in the proportion of river and seawater; thus, during periods of low fluvial 129 

inputs, the tidal influence area moves upstream causing the mixing zone to be pushed 130 

northwards. Changes in the water contribution also lead to different mixing models in the 131 

estuary, which is partially stratified during the rainy season, and homogeneously mixed 132 

during the dry season, when the river flow is less than 6 m3 s−1 (Carro et al., 2018). 133 

 134 

3. Methodology 135 

3.1. Sampling 136 

Water samples were collected periodically (0, 6, 24, and 30 h) during a 30 h period (25–137 

26 July 2018) at four sampling stations (T1–T4) (Fig. 1), to include two tidal cycles (two 138 

low and high tide cycles). The sampling took place in the summer when the Tinto and 139 

Odiel rivers show the lowest flows through the year (Cánovas et al., 2007). Due to the 140 

low fluvial inputs (less than 6 m3 s−1) recorded during the sampling, all the stations would 141 

belong to the zone 3 previously described by Carro et al., (2018), reflecting the conditions 142 

of homogeneous water mixing, consequently, samples were collected a few centimeters 143 

below the surface. The tidal range during the sampling was around 1 m, reflecting micro-144 

tidal conditions. The sampling was not intended to comprise the whole estuary but zones 145 

that are highly influenced by seawater; sampling points were selected within zone 3 due 146 

to the abundance of living organisms and to the different influences of anthropogenic 147 

activities. T1 is in the Tinto estuary and receives both the mining influence of the Tinto 148 

river and the industrial impact by leakages from the phosphogypsum stack (Fig. 1), which 149 
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releases significant loads of metal/loids into the estuary (Pérez-López et al., 2016). T2 150 

and T3 are in the outer part of the Odiel estuary and are affected by mining inputs from 151 

the Odiel river, although the latter point (T3) may also be influenced by the Tinto river 152 

discharges during high tides (Fig. 1) and by recreational boat activities. Finally, T4 is the 153 

outer sampling point within the Ria of Huelva estuary, where the influence of seawater is 154 

larger and it is close to a harbor where recreational ships tie up (Fig. 1). The sediments 155 

from this latter point tend to show toxicity due to Cu, As, Pb, and Zn, as previously 156 

reported by Basallote et al. (2018). 157 

Filtered samples (0.45 µm pore size Millipore filters) were collected in high-density 158 

polyethylene (HDPE) bottles, acidified to pH < 2 with nitric acid 65% Merck Suprapur®, 159 

and stored in a refrigerator until analysis. Raw samples (not filtered but acidified) were 160 

also collected to study metal particulate transport along the estuary. Thus, the difference 161 

between the concentrations in the filtered and unfiltered samples will be associated with 162 

the particulate matter. In addition, filtered but non-acidified samples were also collected 163 

for anion (i.e., Cl-, Br-, F-, NO3-, PO43-) determinations. All the bottles that were used 164 

during the sampling were acid-washed (10% HCl) for 24 h, rinsed in Milli-Q water (18.2 165 

MΩ, Millipore) and stored in sterile plastic bags prior to use. 166 

 167 

3.2. DGT devices settlement 168 

In order to study metal bioavailability in estuarine waters, DGT devices were placed in 169 

sampling stations in duplicate. In these devices, free cations and labile metal complexes 170 

(labile fraction) are diffused through a cellulose nitrate filter (0.45 μm porosity) and a 171 

diffusive gel as a result of a concentration gradient, and then they accumulate in a 172 

chelating resin gel Chelex-100. In summary, the DGT passive samplers tend to collect 173 

the labile fraction of metals that show affinity to the chelex-100 resin. The LSNX-NP 174 
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Loaded DGT device (DGT® Research) used in this study is a standard DGT holder for 175 

solutions with 0.8 mm APA diffusive gel, a polyethersulphone filter membrane, and a 176 

mixed binding layer of Chelex and titanium oxide (Metsorb). This device is especially 177 

designed to measure up to 40 metals (Panther et al., 2014). After about 12 and 24 h of 178 

exposure, the DGT devices were retrieved, rinsed with distilled water, and transported to 179 

the lab in sterile plastic bags, where a specific determination protocol was followed 180 

(Ardelan et al., 2009; Basallote et al., 2020). The DGT devices were dismantled and each 181 

of the resin gels (Chelex 100-gel) were placed in separated acid washed polyethylene 182 

vials with 1 mL ultrapure HNO3 (3 M), followed by agitation at 60 rpm for 24 h. The 183 

elution extracts were diluted with Milli-Q water to 5 mL, prior to metal determination. 184 

 185 

DGT concentrations were determined using Eq. (1):  186 

CDGT = 
!"#$∆&
"'(

,   Eq. (1) 187 

where CDGT is the concentration of metal in the bulk solution measured by the DGT unit, 188 

MDGT is the mass of the analyte accumulated on the binding layer, ∆g is the thickness of 189 

the diffusive gel (0.078 cm) plus the thickness of the filter membrane used (0.014 cm), D 190 

is the diffusion coefficient of each metal (cm2 s-1) (see Supplementary Data, Table SM1), 191 

t is deployment time (s, exact time for each exposure period), and A is the DGT cross-192 

sectional exposure area (3.14 cm2).  193 

3.3. Analytical determinations and data treatment 194 

Temperature, pH, electrical conductivity (EC), and oxidation-reduction potential (ORP) 195 

were measured in situ using HANNA HI 98190 and 98192 portable meters. A three-point 196 

calibration was performed for both EC (147 μS/cm, 1,413 μS/ cm, and 12.88 mS/cm) and 197 

pH (4.01, 7.00, and 9.21), while the ORP was controlled using two points (240 and 470 198 
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mV). The salinity (S) was calculated from Cl- concentrations, according to the following 199 

equation: S = 1.805 Cl- (g L-1) + 0.03 (Chester, 1990). Trace metal/loid determination in 200 

the water samples and the DGT elution extracts were performed by iCAP TQ ICP-MS at 201 

the HydroSciences laboratory of the University of Montpellier. Estuarine water reference 202 

material for trace metals (SLEW-3) was also analyzed to check the analytical accuracy. 203 

In addition, the anions (i.e., Cl-, Br-, F-, NO3- and NO2-) were determined using ion 204 

chromatography (Dionex DX-120) at the R+D laboratories of the University of Huelva, 205 

and the total alkalinity was determined by CHEMetrics® Total Titrets®, with a range of 206 

10–100 or 100–1000 mg L-1 as CaCO3 equivalents.  207 

Information about the speciation of elements was obtained by the PHREEQC code v. 3.4 208 

(Parkhurst and Appelo, 2013) using the Truesdell-Jones equations-based LNLL 209 

thermodynamic database (Johnson et al., 1992), which provides accurate activity 210 

calculations in chloride dominated solutions with ionic strengths below 1 mol/L, and it is 211 

more complete than other databases. The ORP measurements were corrected to the 212 

standard hydrogen electrode to calculate Eh (Nordstrom and Wilde, 1998), which was 213 

used to input pE values for the geochemical modeling. The balance error obtained by the 214 

PHREEQC code was below 10% for all the samples. For consistency, the PHREEQC 215 

outputs were compared with the chemical speciation obtained using the CHEAQS 216 

program version 2017.3 (Verweij, 2017). The CHEAQS model includes inorganic 217 

speciation and the mineral equilibrium based on the National Institute of Standards and 218 

Technology database version 8.0 (NIST, 2004). Similar speciation results were obtained 219 

from both codes. 220 

 221 

A Principal Component Analysis (PCA) was performed on the dissolved and DGT 222 

concentrations to ascertain the patterns of behavior in the variables and samples. PCA 223 
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reduces the number of variables in a multivariate data set, whilst retaining most of the 224 

variation that is present in the data set. Variables were z-scores standardized to fit a 225 

normal distribution, and therefore the Pearson (n − 1) correlation matrix was used (Davis, 226 

2002).  227 

4. Results and discussion 228 

4.1. Metal/loid partitioning along the estuary 229 

Table 1 shows the main physicochemical properties of the samples collected along the 230 

estuary. As can be seen, the chlorinity of the samples ranged from 18 to 20 g L-1, with 231 

mean pH values of 8.2±0.2. The highest pH and chlorinity values were observed in the 232 

outer sampling station of the estuary (T4; 8.2–8.4 and 19–20 g L-1) for both low and high 233 

tides, while slight fluctuations in the pH between low and high tides were observed at T1 234 

and T2. Figure 2 illustrates the evolution of the dissolved metal/loid concentrations 235 

(triangle dashed line) along the estuary. As expected, the metal concentrations in the inner 236 

part of the studied sector (T1 and T2) tend to be much higher than in the outer part (T3 237 

and T4) because the influence of pollutant river inputs is higher upstream and diluted 238 

seaward by the flushing of cleaner marine water inside the estuary. As a consequence, the 239 

metal/loid concentrations at the sampling points were low when compared with the river 240 

and upper sections of the estuary (e.g., Hierro et al., 2014a; Olías et al., 2019); i.e., 241 

dissolved elements ranged from 194 to 10 µg L-1 of Mn, 121 to 14 µg L-1 of Zn, 100 to 242 

2.4 µg L-1 of Fe, 43 to 6.9 µg L-1 of Cu, 16 to 2.6 µg L-1 of As, 15 to 0.30 µg L-1 of Pb, 243 

5.6 to 0.19 µg L-1 of Co, 3.7 to 0.11 µg L-1 of Cd, 1.7 to 0.92 µg L-1 of V, 2.1 to 0.26 µg 244 

L-1 of Sb, 0.47 to 0.01 µg L-1 of Ni, and 0.16 to 0.01 µg L-1 of Sn for the different tidal 245 

periods (Fig. 2). The progressive mixing of alkaline seawater with the acidic waters of 246 

the Tinto and Odiel rivers promotes the strong decrease in the concentration of most 247 
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metals transported by these acidic rivers. However, some elements deviate from this 248 

tendency. For instance, although dissolved Fe concentrations peaked at T2 (100 µg L-1; 249 

Fig. 2), slightly higher concentrations were observed in the outer sampling stations (T3 250 

and T4) than in the inner ones (T1 and T2). More evident is the case for Ni, Pb, and Sn, 251 

which had higher dissolved concentrations in T3 and T4 than in T2, and in some cases, 252 

than in T1 (Fig. 2). The increasing concentrations for these elements could probably be 253 

explained by the intense boating activities in this area, where a recreational harbor is 254 

located (Fig. 1). It has been widely reported that these elements in antifouling paints and 255 

fuels can be leached into estuarine waters and sediments (e.g., Turner, 2014; Ytreberg et 256 

al., 2016). This behavior of the elements is also suggested by the PCA carried out on the 257 

samples (Fig. SM1a). The first component (F1) explains 46% of variance and seems to 258 

be related to the fluvial influence of the samples; the higher the riverine influence, the 259 

higher the positive values of F1. On the other hand, the second component (F2) seems to 260 

be related to the origin of the variables; thus, most of the metals associated with mining 261 

(i.e. Cu, Cd, Mn, As, Co, and Sb) are located on the negative side of F2, while those 262 

elements associated with seawater or fuel/antifouling (i.e., Cl, Br, Pb, Sn) are on the 263 

positive side. Another striking fact is the existence of tide-driven variations in some metal 264 

concentrations. As can be seen in Figure 2, some dissolved elements such as Cd, Zn, Mn, 265 

and to a lesser extent Cu, V, or Sb, follow a zig-zag evolution over time according to the 266 

tidal regime (low-high), especially in the inner part of the estuary (T1-T2), where the tidal 267 

influence is higher. These fluctuations in metal/loid concentrations were also observed 268 

by Hierro et al. (2014a), who reported variations in dissolved elements concentrations 269 

(i.e., Mn, Zn, Cu, Co, Cd, and Ni) during the tidal cycle in the inner part of the Tinto river 270 

estuary. 271 
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Concerning particulate matter, high concentrations were mainly recorded for Fe (up to 272 

745 µg L-1), and to a lesser extent for Cu and Zn (up to 19 µg L-1), Mn (14 µg L-1), and 273 

Pb (12 µg L-1). This contrasts with the low particulate concentrations observed for some 274 

other elements (e.g., Cd, Sb, Sn, or V), which in some cases were even below the detection 275 

limit (Fig. 2). Therefore, a different metal/loid partitioning pattern can be observed among 276 

the studied elements. Figure 3 represents the dissolved fraction contribution for each 277 

element as box and whiskers plots. The length of the box represents the interquartile 278 

range, which comprises 50% of the values, while the horizontal line inside the box 279 

represents the median and the inner square of the mean value. The whiskers are lines that 280 

lengthen from the box to the highest and lowest values excluding outliers (*), which 281 

represent those values being 1.5 higher than the length of the box from its upper or lower 282 

border. As can be clearly seen, there is a group of elements composed of Zn, As, Cd, Ni, 283 

and V, which were mostly present in estuarine samples in the dissolved fraction 284 

(interquartile range (IR) of 85–100%; Fig. 3). On the other hand, Fe is chiefly present in 285 

the particulate matter (IR of dissolved fraction between 2.5 and 3.9%). The higher 286 

concentration of Fe in the particulate matter than in the dissolved fraction is consistent 287 

with previous works along the estuary that report intense Fe precipitation processes (e.g., 288 

Achterberg et al., 2003; Hierro et al., 2014a,b). Other elements that were abundant in the 289 

particulate matter were Pb (IR of 37–59% of the dissolved fraction), and to a lesser extent 290 

Cu, Mn, Co, Sn, and Sb, that recorded some values of dissolved fraction between 45 and 291 

67% (Fig. 3). Vicente-Martorell et al. (2009) also reported the abundant presence of Pb 292 

and Cu in the particulate fraction along the Ria of Huelva estuary. The presence of As, 293 

Pb, Zn, Cu, Mn, and Co in the particulate matter during mixing processes has been also 294 

previously reported and was estimated to be around 60–90% of the total concentration 295 

(Hierro et al. 2014a). These authors stated that these elements undergo intensive sorption 296 
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processes onto Fe and Al precipitates along the maximum turbidity zone (zones 1 and 2; 297 

Carro et al., 2018), where lower salinity and pH values are observed. However, the 298 

increase in the pH and salinity in the outer zone of the estuary, where the samples were 299 

collected in our study, may have caused desorption processes and the formation of 300 

aqueous complexes, enhancing their presence in the dissolved form. This fact may explain 301 

the lower values of particulate matter observed for these elements (especially for As) in 302 

our study compared with those reported by Hierro et al. (2014b). 303 

4.2. Metal speciation and bioavailability along the estuary 304 

The concentrations reported in this study are considerably higher than those observed in 305 

other estuaries around the world that are deeply affected by anthropogenic activities (e.g., 306 

Benoit et al., 2010; Gaonkar and Matta, 2019; Hatje et al., 2003; Thanh-Nho et al., 2018), 307 

even at higher salinities (Table 2) than those reported in these studies. However, metal 308 

toxicity and mobility depend not only on the concentration but also on the speciation 309 

(Allen, 1993; Guéguen et al., 2011; Millero et al., 2009); thus, those metals forming 310 

strong complexes with ligands may not be available to organisms, and only the labile 311 

fraction of the metal concentration would be available to them (Amato et al., 2014). 312 

Therefore, a different complexation pattern was inferred among the divalent metals 313 

studied (i.e., Cu, Zn, Mn, Cd, Co, Pb and Ni). For example, Ni, Mn, and Co were mainly 314 

found as free species (Free-Me; average of 85, 60, and 58% of Ni2+, Mn2+, and Co2+ 315 

respectively; Fig. 4A), with minor quantities of sulfate (32, 18, and 14% of CoSO4(aq), 316 

MnSO4(aq), and NiSO4(aq), respectively) and chloride complexes (20, 4.8, and 1.4% of 317 

MnCl+, CoCl+, and NiCl+, respectively; Fig. 4A). On the other hand, Cd and to a lesser 318 

extent Pb are mainly forming Cl complexes (99 and 66%, respectively; i.e., MeCl+, 319 

MeCl2, and MeCl3-). Zinc shows a more balanced speciation between free and chloride 320 

species (39% of Zn2+ and 47% of Cl complexes; Fig. 4A). However, Cu speciation is 321 
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mainly dominated by Cu carbonate species (CuCO3(aq)), with 62% of the total species in 322 

this form, followed by hydroxyl (i.e., 20% of CuOH+), free (7.6% of Cu2+), and around 323 

5% of chloride complexes and 5% of sulfate complexes (Fig. 4A). Fe, Sb, and Sn (Fig. 324 

4A and Table SM2) are chiefly found as hydroxyl complexes, where the uncharged 325 

hydroxyl complexes are predominant (i.e., 99% of Sn(OH)4(aq) and Sb(OH)3(aq), and 92% 326 

of Fe(OH)3(aq)). On the other hand, As and V(Table SM2) are primarily found as arsenate 327 

(AsO43−) and vanadate species, respectively (90–100% of total species; Table SM2). 328 

Considering the charge of the species (Fig. 4B and Table SM2), a different trend is 329 

observed among the elements; Ni (84%), Mn (79%), and Zn (51%) are mainly found to 330 

form positively charged species, while Fe, Sn, Sb (all of them around 99% of the total 331 

species), and Cu (64%) are mostly found as uncharged species (Fig. 4B). Metals like Cd 332 

and Pb, show a balanced speciation between the uncharged and positively charged species 333 

(Fig. 4B). In contrast, As and V are chiefly found as negatively charged species (around 334 

100%).  335 

As shown in Table 3, the concentrations retained by the DGTs (CDGT) in the Ria of Huelva 336 

are high for some of the elements studied: between 33 and 165 µg L-1 of Zn, 4.8 and 61 337 

µg L-1 of Mn, 8.1 and 45 µg L-1 of Fe, 4.6 and 23 µg L-1 of Cu, 0.30 and 8.0 µg L-1 of Pb, 338 

0.07 and 8.7 µg L-1 of Co, and lesser amounts of Cd (0.10–2.3 µg L-1), V (0.85–1.3 µg L-339 

1), As (0.12–1.3 µg L-1), Sn (0.04–0.41 µg L-1), and Sb (0.02–0.21 µg L-1). Comparing the 340 

CDGT observed in this study with those reported in other estuarine systems, the CDGT are 341 

generally higher than those observed in Runaway Bay Marina (Australia), an estuarine 342 

system strongly affected by harbor activities and the input of storm water from the 343 

surrounding urban area (Shiva et al., 2016). Only for those metal/loids forming oxyanions 344 

(i.e., As, V, and Sb), were the CDGT values in Runaway Bay similar or slightly higher than 345 

in the Ria of Huelva. Most of values in this study were also higher than those reported in 346 
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other studies of estuaries in Spain, Brazil, and China, that are affected by human activities 347 

(Table 3). Only some of the values from other studies exceeded those reported in the Ria 348 

of Huelva estuary; for example, a CDGT of up to 195 µg L-1 for Zn and 26 µg L-1 for Ni, 349 

(Table 3) were found in the Jiulong estuary (China) which is characterized by strong metal 350 

contamination due to industrial activities.  351 

The labile fraction is operationally defined as the labile forms of metals including free 352 

metal and weak metal–ligand complexes (Millero et al., 2009). Generally, the lability of 353 

metals is strongly controlled by their charges; metals with higher charges may bind more 354 

tightly to the ligands. Another factor that controls the strength of the ionic bonds is the 355 

size of the ion; thus, ions with smaller atomic radii form stronger bonds than ions with 356 

larger radii. Considering the dominant species in the estuarine waters (Fig. 4A), those 357 

metals that are mostly found as free or weak metal complexes (e.g., Free-Me, Cl- Free-358 

Me species) such as Cd, Co, Mn, Ni, Pb, or Zn may be more labile than others, such as 359 

Cu, Fe, Sn, As, V, or Sb, which are mainly found as carbonate or hydroxyl complexes. 360 

The labile trace metals in marine environments generally make up a small percentage of 361 

the total dissolved concentrations, such as the free metal ions and the most labile trace 362 

metal complexes (Gao et al., 2019). Thus, it is important to determine these essential trace 363 

elements within the dissolved phase, as this small and labile fraction is expected to be the 364 

most bioavailable fraction for living organisms (Baeyens et al., 2011). This is in 365 

agreement with the CDGT values (DGTLabile, Fig. 5) observed for elements such as Zn, Cd, 366 

and Co which account for a high percentage of the 0.45 µm filtered dissolved 367 

concentration (Fig. 5), or even in some cases (Zn and to a lesser extent Co) exceed the 368 

dissolved concentration. On the other hand, the CDGT values for As and Sb were low 369 

considering their affinity for forming strong complexes (0.1–3.0% and 1.3–5.5% of the 370 

dissolved concentration, respectively; not shown in Fig. 5). However, some discrepancies 371 
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for other elements were observed regarding their affinity to form labile complexes. For 372 

example, Cu and Mn showed a similar lability, with CDGT values of 36–59% and 30–38% 373 

of the dissolved concentration, respectively (Fig. 5), despite the higher affinity of Cu to 374 

form strong complexes compared with the higher lability of Mn. In this sense, V also 375 

exhibited a higher lability than expected, with a CDGT around 25–49% of dissolved 376 

concentrations (not shown in Fig. 5). However, the most outstanding result was the 377 

extremely high CDGT values observed for Fe, Sn, and Pb at 12 h, with the maximum CDGT 378 

exceeding between two and five times the average dissolved concentration observed in 379 

the water column (Fig. 5). This fact may be related to the ability of colloids to be captured 380 

in the DGT devices (Gao et al., 2019), since both metals were ubiquitously found in the 381 

particulate matter in the estuarine samples (Fig. 2). The behavior of these elements (i.e. 382 

Fe, Sn, and Pb) can be clearly seen in the PCA performed on the DGT concentrations 383 

(Fig. SM1b). The first component explains 50% of variance and may be related to the 384 

affinity of elements in the dissolved or particulate phases; thus, elements related to the 385 

particulate phase are located on the negative side whereas those related to the dissolved 386 

phase are on the positive side. As can be seen, the sampling points with a higher seawater 387 

influence (i.e., T3 and T4) are on the negative side. The second component explains 21% 388 

of variance and seems to be related to the time of deployment of the DGT devices; all of 389 

the DGT devices that were exposed for over 12 h are located on the positive side while 390 

those that were exposed for over 24 h are placed on the negative side. 391 

 392 

Vicente-Martorell et al. (2009) studied the bioavailability of metals along the same 393 

estuary, based on their lability. Although these authors did not cover all the metal/loids 394 

studied in this work, they proposed the following metal availability ranking order: Cd > 395 

Zn > Cu > Pb. This order differs from that obtained in this study (Zn > Cu > Pb > Cd), 396 
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which is probably due to the transference of metals from the particulate matter to the DGT 397 

device for some elements, especially Pb and Zn. Considering the correspondence between 398 

the metal/loid absorption by the DGT and the biological membranes in organisms 399 

(Baeyens et al., 2011; Zhang and Davison 2000), the accumulation of some metal/loids 400 

in the DGTs correlates with the labile metal fraction potentially accumulated by estuarine 401 

living organisms. Furthermore, as has been previously mentioned, the labile trace metals 402 

in the marine environment comprise only a percentage of the total dissolved metal 403 

concentrations. Morillo and Usero (2008) reported high concentrations of Zn, Cu, Mn, 404 

Cd, and As in barnacles (B. Amphitrite) collected along the Ria of Huelva estuary, which 405 

seemed to be strongly correlated with their dissolved concentrations. Also, Vicente-406 

Martorell et al. (2009) reported positive correlations between metals in fish tissues and 407 

water concentrations, especially for gilt-head bream (S. aurata), a pelagic fish commonly 408 

found in the water column. Based on these correlations, the ability of DGTs to mimic 409 

metal/loid bioavailability to living organisms in the Ria of Huelva estuary could be 410 

evaluated by comparing the concentrations in both the water (filtered and non-filtered 411 

samples) and the DGTs. Figure 6 shows the relationship between the dissolved metal 412 

concentrations and DGTs in the estuary. For Cd and Mn, there is a strong positive 413 

correlation between the dissolved and DGT concentrations (R2 = 0.91–0.94). Although 414 

with poorer correlation coefficients, the same tendency of increasing DGT values with 415 

dissolved concentrations was observed for Fe (R2 = 0.59) and Cu (R2 = 0.58), and to a 416 

lesser extent Sb (R2 = 0.40), and Co (R2 = 0. 37). However, positive correlations for Fe 417 

and Sb may be due to only one extreme value (Fig. 6). Weaker or no correlations were 418 

observed for Pb (R2 = 0.13), Sn (R2 = 0.05), Zn (R2 = 0.03), and V (R2 = 0.02) (the latter 419 

not represented). These values disagree with those previously found by Dunn et al. (2003) 420 

between the 24 h DGT-labile and dissolved (0.45-µm filtered samples) concentrations 421 
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reported in Gold Coast Broadwater (Australia) for Cu (R2 = 0.96), Pb (R2 = 0.68), and Zn 422 

(R2 = 0.91). Except for Zn, this study also points out the direct relationship of metal/loid 423 

concentrations and metal exposure previously reported by Morillo and Usero (2008) in 424 

estuarine living organisms. On the other hand, the correlations observed between 425 

particulate and DGT concentrations for those elements that are prone to being present in 426 

the particulate matter, i.e., Fe, Pb, Sn, or Cu, were low or inexistent (R2 = 0.18 for Sn, 427 

R2= 0.17 for Pb, R2 = 0.08 for Cu, and R2= 0.02 for Fe).  428 

4.3. Validation of DGT devices as monitoring tools for metal/loid exposure 429 

Water quality monitoring programs frequently require a high number of samples for 430 

analysis, although this conventional approach only captures short events, especially in 431 

complex systems like estuaries. The use of DGT devices as a monitoring tool for labile 432 

trace metal concentrations in dynamic estuarine and coastal waters has been successfully 433 

tested, avoiding the risk of sample contamination, the difficulty of preserving samples, 434 

and other issues related to conventional samplings (Gao et al., 2019). Although it is 435 

possible to establish a direct relation between metal availability to living organisms (i.e., 436 

by DGT accumulated concentrations) and dissolved metal concentrations (Fig. 6), in most 437 

cases the use of DGTs cannot replace the determination of dissolved concentrations since 438 

both values can be different by some orders of magnitude. Lucas et al. (2015) reported 439 

DGT-measured concentrations of Cu and Co that were considerably lower than filtered 440 

water measurements and only the Mn and Zn concentrations were similar to the filtered 441 

ones. A comparison of DGT with dissolved concentrations in UK freshwaters determined 442 

using cross flow ultrafiltration (nominal size of 1 kDa), by Liu et al. (2013), showed 443 

similar concentrations for a number of elements (e.g., Mn, Zn, and Cr) but lower DGT-444 

measured concentrations for other elements (e.g., Al, Cd, Co, Cu, Fe, and Pb). The main 445 

reason stated by these authors for these differences is the ability of these latter metals to 446 
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form kinetically inert species or thermodynamically stable complexes, leading to a lower 447 

binding by the DGT resin layer. In this context, Figure 7 shows the relationship between 448 

the average content of labile species (Me2+, Cl-Me; from geochemical modelling) for all 449 

the metal/loids studied and the percentage of CDGT with respect to the dissolved 450 

concentration in the water column (except for Fe, Pb and Sn, which the total concentration 451 

(dissolved and particulate) was used instead). As can be seen, there are some metal/loids 452 

such as As, Sb, Cd, Co, Mn, Cu, and Zn, which showed a relatively good agreement 453 

between both variables, although some of these metals (e.g., Cu and Zn) showed higher 454 

CDGT than expected (around 60 and 100% of filterable concentrations), considering the 455 

liability of their dissolved species. Dunn et al. (2003) reported DGT-labile measurements, 456 

as a fraction of filterable concentrations, of only 21 to 27% for Cu and Zn. Slightly higher 457 

values were also obtained by Cindríc et al. (2017) in a small marine harbor of the Adriatic 458 

Sea (Croatia) with a CDGT of around 32–54% for Cu, 45–56% for Zn, 52–56% for Co and 459 

Cd, and 70–90% for Cd. Despite this fact, this is a good validation of the use of DGT 460 

devices as a monitoring tool for most metals. A poor performance was in turn obtained 461 

for other metals such as V and Ni (not represented); while the CDGT were higher than those 462 

expected for V considering its lability (Fig. 7), Ni was not even detected despite its higher 463 

lability. On the other hand, metals such as Fe, Pb, and Sn had CDGT around two to five 464 

times higher than the dissolved concentrations in the water column (Fig. 5), despite the 465 

low lability of their species (Fig. 7). Higher DGT concentrations in comparison with those 466 

measured directly in solution were previously reported by Davison and Zhang (2012) and 467 

were attributed to differences in the geometric area and in the diffusive boundary layer 468 

(DBL). Another factor leading to higher DGT concentrations than dissolved 469 

concentrations is the abundance of colloids, which could transfer some metals from the 470 

solids directly to the DGT resin (Gao et al., 2019). Ardelan et al. (2009) also suggested 471 
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that some particulate-bound metals (i.e., Al and Cd) associated with the particulate 472 

fraction (> 0.2 µm) are able to diffuse and be retained by the DGT chelating resin under 473 

certain physicochemical changes. This fact is especially relevant in the Ria of Huelva 474 

estuary, where the mixing of acidic metal rich waters with alkaline seawaters induces the 475 

intense precipitation of Fe and Al-rich colloids. As can be seen in Figure 7, metals such 476 

as Pb and Sn, abundant in the particulate matter, had a CDGT that was higher than total 477 

concentrations (dissolved + particulate), while around 20% of the total Fe concentration 478 

was retained by the DGT. These results highlight the importance of both traditional grab 479 

and passive samplings. Thus, the information provided by both methods (i.e., 480 

conventional sampling and use of DGTs) may complement each other during monitoring 481 

programs of estuaries and coastal areas. 482 

 483 

Conclusions 484 

This study investigates the metal partitioning and availability in an estuary strongly 485 

affected by historical mining and industrial activities in SW Spain. The metal/loid 486 

concentrations recorded along the estuary were high; up to 194 µg L-1 of Mn, 121 µg L-1 487 

of Zn, 100 µg L-1 of Fe, 43 µg L-1 of Cu, and so on; the values were several orders of 488 

magnitude higher than those registered in others estuaries worldwide that are affected by 489 

anthropogenic activities. 490 

A metal partitioning pattern is observed in the outer part of the estuary; while Fe (96–491 

98% of total) and to a lesser extent Pb (41–63%), Cu, Mn, Co, and Sb (33–55%) were 492 

found to be abundant in the particulate matter, the rest of the elements (i.e., Zn, As, Cd, 493 

Ni, and V) that were studied were chiefly transported in the dissolved phase. Although 494 

other authors previously reported that the content of these metal/loids (i.e., As, Pb, Zn, 495 

Cu, Mn and Co) in the particulate matter was around 60–90% of total concentration, the 496 
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lower values found in this study may be related to the location of the samples at the outer 497 

zone of the estuary (at higher pH and salinity values), where re-dissolution and/or 498 

desorption processes and the formation of aqueous complexes may enhance their 499 

presence in the dissolved form.  500 

A different complexation pattern was also observed in the estuarine waters. Ni, Mn, and 501 

Co were mainly found as free species, whereas Cd and to a lesser extent Pb were mainly 502 

forming Cl complexes. Zinc showed a more balanced speciation between free and 503 

chloride species (39% of Zn2+ and 47% of Cl-complexes), while Cu speciation was 504 

mainly dominated by carbonate species (62% of total species). Fe, Sb, and Sn were 505 

primarily found as hydroxyl complexes, where the uncharged hydroxyl complexes were 506 

predominant (i.e., 99% of Sn(OH)4(aq) and Sb(OH)3(aq), and 92% of Fe(OH)3(aq)). On the 507 

other hand, As and V were mainly found as arsenate and vanadate (VO43−) species (90–508 

100% of total species), respectively. 509 

The concentrations retained by DGTs (CDGT) in the Ria of Huelva were generally higher 510 

than CDGT values reported in others estuaries worldwide (e.g., up to 165 µg L-1 of Zn, 511 

61µg L-1 of Mn, 45 µg L-1 of Fe, 23 µg L-1 of Cu, and 2.3 µg L-1 of Cd), and were only 512 

surpassed by values for some elements that were recorded in estuaries that are extremely 513 

polluted by industrial discharges. The speciation data are in agreement with the CDGT 514 

observed for elements such as Zn, Cd, and Co, which commonly form labile species, and 515 

CDGT accounted for a high percentage of the dissolved concentration. A similar case was 516 

observed for As and Sb, whose CDGT values were low considering their affinity for 517 

forming strong complexes. However, some discrepancies were observed for other 518 

elements such as Cu, V, Fe, Sn, and Pb, with the latter ones with a maximum CDGT that 519 

was more than two to five times higher than the dissolved concentration observed in the 520 
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water column. These discrepancies may be related to the ability of colloids to be captured 521 

in the DGT devices since Fe, Sn, and Pb were ubiquitous in the particulate matter in the 522 

estuary, but the reason for Cu and V remains unclear.  523 

The strong correlation observed between the CDGT and dissolved concentration for some 524 

metals, which was previously correlated with metal bioaccumulation in the same 525 

estuarine waters, highlights the direct relationship between metal/loid concentrations and 526 

metal exposure. The results obtained in this study will contribute to the DGT databases, 527 

which include DGT measurements from water bodies worldwide, especially for complex 528 

and dynamics systems such as estuaries. However, this research must be extended to other 529 

hydrological conditions, such as river flood conditions, when the influence of the Tinto 530 

and Odiel rivers is greater on the estuarine waters, or other tidal range conditions (i.e. 531 

meso and macro-tidal) where the oscillations in metal concentrations may be greater. 532 

 533 
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Tables 814 

 815 

Table 1. Table 1. Main physico-chemical properties of samples collected in the Ria of 816 

Huelva estuary (SW Spain). S.D: standard deviation. 817 

 818 

 819 

 820 

Sample Tide Conditions Temperature (ºC) pH ORP (mV) Chlorinity (g/L) Salinity (g/L)
 

T1 Low tide 24.0 8.1 206 18 33
T1 High tide 26.9 8.1 195 19 34
T1 Low tide 24.0 7.7 206 18 33
T1 High tide 26.9 8.0 195 19 34

T2 Low tide 24.9 7.9 213 18 33
T2 High tide 25.4 8.3 202 19 34
T2 Low tide 24.9 8.1 213 18 33
T2 High tide 25.4 8.3 202 19 34

T3 Low tide 24.5 8.4 171 18 33
T3 High tide 25.5 8.3 187 19 34
T3 Low tide 24.5 8.1 171 19 34
T3 High tide 25.5 8.2 187 19 34

T4 Low tide 20.7 8.2 400 19 34
T4 High tide 21.9 8.4 202 20 37
T4 Low tide 20.7 8.2 193 19 34
T4 High tide 21.9 8.4 202 20 37

Minimum 20.7 7.7 171 18 33
Maximum 26.9 8.4 400 20 37

Mean 24.2 8.2 209 19 34
S.D 2.0 0.2 52 0.7 1.2

Table 1. Main physico-chemical properties of samples collected in the Ria of Huelva estuary 
(SW Spain). S.D: standard deviation



 
 

35 

 821 

Table 2. Salinity (g L-1) and average dissolved metal content (in µg L-1) in the Ria de 822 

Huelva estuary (SW Spain) and comparison with others estuaries affected by 823 

anthropogenic activities worldwide. 824 

 825 

Table 3. Concentrations in DGTs (in µg L-1) deployed along the Ria de Huelva estuary 826 

and comparison with values reported in other estuaries worldwide 827 

 828 

 829 

 830 

 831 

 832 

 833 

 834 

 835 

Estuary Salinity As Cd Co Cu Fe Mn Ni Pb Sb Sn V Zn

Ria of Huelva (Spain, this study) 33-37 8.7 1.4 1.7 21 14 65 1.7 2.7 0.92 0.05 1.3 50

Port Jackson (Australia)1 21-35 0.04 1.7 20 0.86 6.5

Goa (India)2 0.7-29 2.1-2.2 40-45 2.7-3.72 5.7-7.2 22-36

Can Gio (Vietnam)3 7.4-23 0.15 0.45 0.05 0.30-1.8 1.0-5.0 0.98-1.15 0.30-1.8 0.03-0.30

San Francisco (USA)4 >20 2.1 0.06 0.2 1.8 32 44 2.2 0.064 1.6

1. Hatje et al. 2003
2. Gaonkar and Matta 2019

3. Thanh-Nho et al. 2018
4. Benoit et al. 2010

Estuary As Cd Co Cu Fe Mn Ni Pb Sb Sn V Zn

Ria of Huelva (Spain, this study) 0.12-1.3 0.10-2.3 0.07-8.7 4.6-23 8.1-45 4.8-61 n.d 0.30-8.0 0.02-0.21 0.04-0.41 0.85-1.3 33-165

Bay of Biscay estuaries, Spain1 0.24-1.57 0.21-0.26 0.16-0.17 2.8-3.4

Runaway Bay Marina, Australia2 0.81 0.04 0.09 2.7 8.6 0.32 0.02 0.10 1.5 3.4

Brown and O'Brien Bay, Antarctica, Australia3 0.001-0.003 0.07-0.09 0.005-0.03 1.0-2.0 0.2-0.5 0.1-0.9 0.3-0.4 0.3-0.6 0.003-0.004 3.0-10

Patos Lagoon, Brazil4 0.01-0.03 0.006-0.01 0.1-0.4 5.0-6.0 0.1-0.3 0.5-2.1

Jiulong estuary, China5 0.04-0.12 0.15-0.95 2.8-13 4.6-26 0.05-0.39 79-195

Gold Coast (Australia)6 0.009-0.024 0.074-0.101 0.8-2.3 6.3-10 6.7-22 0.3-0.5 0.017-0.037 10.9-27

1. Montero et al., (2012)
2. Shiva et al. (2016)
3. Larner et al. (2006)
4. Wallner-Kersanach et al. (2006)
5. Weng and Wang (2014)
6. Waltham et al., (2011)
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Figures 836 

 837 

Figure 1. Location map of the study area (A), showing the sampling stations (T1-T4) and 838 

main anthropogenic activities (B): the city of Huelva (marked off yellow shadow); the 839 

Industrial complex (red shadow area) and the phosphogypsum stacks (green shadow) . 840 
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 841 

Figure 2. Evolution of dissolved (triangle dashed line) and particulate (dark-circle dashed 842 

line) concentrations of metals in the estuary for the 4 sampling sites (T1; dark-orange 843 

shadow, T2; light-orange shadow, T3; whitish shadow and T4; greenish shadow) and for 844 

the 4 sampling times (L: low tide; H: high tide). Cd particulate concentrations were below 845 

detection limit of the equipment. 846 
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 847 

Figure 3. Box and whiskers plot of the percentage of elements in the dissolved fraction 848 

(see text for explanation). 849 
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 850 

Figure 4. Metal/loid speciation of estuarine waters considering complex type (A); Free 851 

metal (Free-Me), Chloride complex metal (Cl-Me), Sulfate complex Metal (SO4-Me), 852 

Hydroxyl complex metal (OH-Me), Fluoride complex metal (F-Me), Carbonate complex 853 

metal (CO3-Me), Boride complex metal (B-M), Oxide complex metal (O-Me); and charge 854 

(B).  855 
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 856 

Figure 5. Average dissolved metal concentration (red bars) and DGT concentration (light 857 

green bars) in the water column, for all the sampling stations, for the two DGT exposure 858 

periods (12 and 24 h). Dissolved concentrations result from the average concentration for 859 

the first two low and high tides (Diss. 12) and for the two complete tidal cycles measured 860 

(Diss 24). Horizontal black and white dotted lines represent the median and mean values, 861 

respectively.  862 
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 863 

Figure 6. Relationship between the metal/loid concentration in DGT (CDGT) and the 864 

dissolved concentration (C Water). 865 

 866 

 867 
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 868 

Figure 7. Comparison between the average content of labile species (in blue) of 869 

metal/loid and the percentage of DGTs (CDGT) concentration with respect the 870 

concentration of the water column (in orange). CDGT for Fe, Sn, Pb and Zn are compared 871 

with total concentration (see text for explanation). 872 
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